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Cynthia Van Landingham', and Annette M. Shipp’

!ENVIRON International Corporation, Monroe, LA, USA, and *The Hamner Institutes for Health Sciences, RTP, NC, USA

Abstract

The constantly evolving science of risk assessment is currently faced with many challenges, not only from the
interpretation of the volume of data being generated with new innovative technologies, but also in attempting to
quantitatively incorporate this information into understanding potential risk of adverse events in human populations.
The objective of the case study described was to use the more recent data for di-(2-ethylhexyl)phthalate (DEHP) to
investigate the impact of innovative quantitative approaches on the risk assessment of a compound, specifically as it
can be used to move towards the new vision of risk assessment involving the integration of the available toxicological
data to understand underlying biological processes. What emerged were several outcomes that demonstrated clearly
the importance of the integration of the toxicological data, specifically to understand the biological processes being
impacted, because standard statistical modeling approaches may not be adequate to describe the dose-response
relationships observed. Alternative approaches demonstrate that a definitive mode of action is not needed to justify
the shape of the low-dose region or a threshold, when the integration of the available data assist risk assessors
in understanding the shape of the dose-response curve for both noncancer and cancer endpoints. Many of the
challenges described as part of this case study would likely be encountered with compounds other than DEHP,
especially other receptor-mediated compounds or compounds that“perturb” biological pathways, such as endocrine
disruptors. This case study also highlights the importance of communication between risk assessors and the research
community to focus on the generation of data most relevant for assessing the potential for chemicals to impact

biological systems in the human.
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Introduction

Since the first formal guidelines for risk assessment were
developed (NAS, 1983; USEPA, 1986), many advances
have been made not only in the process itself, but also
in the types of toxicological data that are available to be
considered as part of the process. The advancement of
analytical techniques has resulted in a wealth of data
on the pharmacokinetics of numerous compounds, as
well as the impact of chemical exposure at the gene
level. The need to consider these data in human health
risk assessment, not only from a qualitative perspective
but also quantitatively has resulted in the development
of innovative approaches. These new approaches have
mainly been incorporated into the current guidelines,

while maintaining the basic steps in the conduct of a
risk assessment as described in the “Red Book” (NAS,
1983). In the United States, toxicity assessments are
continuing to evolve from a basically statistical treat-
ment of cancer and noncancer data (i.e. selecting the
endpoint that was statistically significantly increased
leading to the selection of the endpoint that was pre-
sumed to be the most sensitive endpoint in the most
sensitive species based on those statistical analyses), to
an emphasis on consideration of the relevance of data
to predict human health outcomes (NAS, 2009; USEPA,
2005). However, in general, these methods still rely
upon the statistical evaluation of individual endpoints
from individual studies.
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While not explicitly characterized in the latest USEPA
(2005) cancer guidelines, these guidelines suggest an
expansion of the data that should be considered as part
of the risk assessment process. These types of recom-
mendations have also been made in recent documents
developed by the National Academy of Sciences (Tto et al.,
2007; NAS, 2009). The intent of these documents is to out-
line a new vision of toxicity testing with a focus on the
development of computational models combined with
in vitro screens to potentially decrease animal testing. In
addition, the NAS made recommendations on improving
the technical analyses and utility of risk assessment. This
involves expanding the use of scientific knowledge and
information to improve risk assessment, as well as mak-
ing risk assessment results more relevant and useful for
risk management decisions.

The main challenge to the risk assessment community
in attempting to address these recommendations is to
develop novel qualitative and quantitative approaches
that use and integrate the emerging toxicity data. The
types of data that now need to be considered in the indi-
vidual steps of the risk assessment process are not just the
observation of adverse endpoints in animals or humans
but now include:

o understanding of the basic physiological processes
in the animal model, i.e. mode of action, and how a
chemical may be affecting those processes resulting
in the adverse effect observed in the animal study;
and an evaluation of the existence of the same bio-
logical processes in humans as part of the Hazard
Assessment;

o use of precursor data, genomic data, or other data
indicative of the underlying biological processes
based on the mode of action; the use of pharmacoki-
netic models (PBPK) for route and species extrapola-
tion; and, the use of a suite of mathematical models
and/or biological models based on the understand-
ing of the mode of action for use in Dose Response
Assessments;

o use of biomonitoring data to refine Exposure
Assessments; and,

o use of probabilistic methods to address uncertainty
and variability in the Risk Characterization.

The use of these types of data in risk assessment also
needs to be expanded to not only characterize adverse
effects, but to extend the use of these data to under-
stand the potential impact to biological pathways in the
low-dose regions that are most likely representative of
chemical exposure in the general population. The devel-
opment of formal qualitative frameworks to address the
relevance to human of both cancer (Boobis et al., 2006;
Cohen, 2004; Cohen et al., 2003; IPCS, 2005; Meek et al.,
2003) and noncancer effects (Boobis et al., 2008; Seed
etal., 2005) in animals have expanded the hazard assess-
ment step, to not just focus on hazard potential, but also
to integrate the available toxicological data to consider

the potential biological perturbations and pharmacoki-
netics in evaluating differences between animals and
humans.

The objective of this study was to use the database
for di-(2-ethylhexyl)phthalate (DEHP) as a case study
to investigate the impact of innovative quantitative
approaches on the risk assessment of a compound. This
case study is also an attempt to investigate how these
innovative approaches can be used to move towards the
new vision of risk assessment that involves the integra-
tion of the available toxicological data. It also provides
an opportunity to investigate the types of innovative
approaches that can be used to capture and characterize
the impact of a chemical on biological pathways and the
uncertainty involved in that characterization.

This investigation was never intended to include a
comprehensive review of the toxicity of the chemical
selected for the case study nor was it intended to con-
duct a human health risk assessment for the selected
chemical. The case study was conducted to demonstrate
the application of various quantitative approaches,
both new and existing, to illustrate the use of these
approaches not only in developing toxicity values but
also in describing the types of data that are needed
to successfully apply different approaches in a risk
assessment. The use of newer tools, such as enhanced
applications of PBPK models, probabilistic techniques
(Bayesian and Monte Carlo), and the use of precursor
and/or genomics analyses were explored to make use of
more of the available data as part of the risk assessment
process. The focus was not only to consider the appli-
cation of innovative tools to quantify dose-response
relationships for the types of endpoints observed in the
animal studies, but also to investigate how to use those
tools to reconcile seemingly different targets and time-
and dose-response considerations within a gender,
across genders, and across routes. Essentially, the focus
was an attempt to apply new approaches to quantify
kinetic and dynamic differences within and between
species to investigate how these new approaches
could improve the use of animal data in human health
assessments.

The use of the database for DEHP as the focus of the
case study also allowed the incorporation of innova-
tive approaches into a risk assessment for a chemical
whose prime mode of action likely involves the activa-
tion of one or more important physiological receptors.
The question of whether or not the activation of single
or multiple receptors may be involved in both the
observed noncancer and cancer endpoints addresses
the current attempts to harmonize the risk assessment
of these endpoints. The resulting analyses also provided
an opportunity to extend the existing Human Relevance
Frameworks to address an integrated approach for
compounds whose proposed modes of action for both
noncancer and cancer effects may involve the same
obligatory precursor step(s) (i.e. the activation of the
peroxisome proliferator-activated receptor (PPAR)
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family of receptors). Noncancer and cancer informa-
tion were analyzed both separately and collectively,
evaluating the possibility for harmonization of both
noncancer and cancer endpoints and, therefore, har-
monization of the risk assessments. This case study also
provided an opportunity to demonstrate the challenges
encountered by risk assessors in evaluating complex
information, especially with reproductive/develop-
ment endpoints which provide unique issues to be
considered.

The case study was conducted following the stan-
dard risk assessment paradigm that includes the hazard
identification, dose-response modeling, exposure char-
acterization, and risk characterization. This provided an
opportunity to investigate various innovative quantita-
tive approaches and techniques that could be applied
in each step, as well as focus on critical decision points
facing risk assessors.

Evaluating the available database
for a chemical

The first step in conducting a risk assessment involves the
critical review of the available database for a chemical to
determine not only the potential for hazard, but also the
potential modes of action by which the observed effects
may occur. This review is critical, because the conclu-
sions reached in this step of the risk assessment process
can have a significant impact on whether or not quanti-
tative analyses are conducted and the manner in which
the dose-response assessment is conducted (i.e. linear
versus nonlinear dose-response modeling).

The database available for DEHP is “data rich” and the
available toxicity studies demonstrate potential human
health concerns for both cancer and noncancer effects.
The effects resulting from exposure to this compound
has been well characterized and the potential modes
of action for some endpoints have been hypothesized.
The selection of a chemical with these criteria allows
for the incorporation of advanced methods into the risk
assessment paradigm without significantly increasing
uncertainty.

Several extensive reviews are available for DEHP
(ATSDR, 2002; Kavlock et al., 2006; Klaunig et al., 2003)
that serve as a starting point for identifying those refer-
ences that would likely provide the basis for a hazard
assessment for DEHP, as well as provide the basis for
conducting a dose-response assessment. Additional
literature searches and review of recent literature (2002
to the present) was conducted not only to identify stud-
ies that may be used as the critical study in the dose-
response assessment, but also to focus on those studies
that provided the greatest number of opportunities for
the demonstration of the use of innovative methods in
risk assessment. A list of the studies and endpoints that
were relied upon as part of this investigation are provided
in Tables 1 and 2, with brief summaries of the results pro-
vided in the following sections.

© 2011 Informa Healthcare USA, Inc.
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Noncancer effects
The data suggest that reproductive/developmental
effects following exposure to DEHP are the more sensi-
tive of the noncancer effects (ATSDR, 2002; Kavlock et al.,
2006). Several reproductive/development studies con-
ducted with DEHP (Akingbemi et al., 2004; Akingbemi
et al., 2001; Andrade et al., 2006c; Andrade et al., 2006b;
Andrade et al., 2006a; Ge et al., 2007a; Grande et al.,
2006; Grande et al., 2007; NTP, 2004) are available in the
recent literature that allow for the comparison of effects
across:
o a wide range of doses, in particular in the low-dose
range;
o a wide range of exposure periods to include gesta-
tional, lactational and post-natal;
o routes of exposure; and
¢ generations using data provided in multigenerational
studies.

These studies also provide a wide range of dose-response
information for observational endpoints, as well as
changes in events that could be key events in the bio-
logical cascade of events related to the mode of action
for DEHP reproductive/developmental toxicity. These
included for consideration changes in testosterone lev-
els, or changes associated with the hypothesized mode
of action, such as expressions of genomic/proteomic
changes. Of particular interest were those data that could
be used to conduct a comparison of the shape of the dose
response curves for these reproductive/developmental
effects. A brief discussion of these studies is provided.

Andrade and colleagues

Effects in male and female offspring of Wistar rats
were evaluated following exposure in utero and during
lactation to a wide range of concentrations of DEHP
by Andrade and colleagues (Andrade et al., 2006c;
Andrade et al., 2006b; Andrade et al., 2006a; Grande
et al., 2006; Grande et al., 2007). Pregnant dams were
administered DEHP by gavage from gestation day
(GD) 6 to post-natal day (PND) 21 at doses of 0, 0.015,
0.45, 0.135, 0.405, or 1.215mg/kg/day, termed the “low
dose” range or at doses of 5, 15, 45, 135, or 405 mg/kg/
day termed the “high dose” range resulting in indirect
exposure to the fetus in utero and to the pups during
lactation. Pups were not dosed following weaning, and
were sacrificed at various times after delivery. Overall,
no effect of DEHP administration on the production
of the F, generation was reported in these studies. In
addition, no effect was reported on any index of repro-
ductive function (e.g. litter sizes, implantation sites,
post-implantation loss, pup birth weight, viability
index).

Andrade et al., (2006a) reported the effect of DEHP on
sexual development of male offspring (Table 3). Effects
indicative of changes in androgenic functioning were
the more sensitive endpoints and included a significant
delay in the onset of puberty (preputial separation) at
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Table 1. Selected noncancer studies for DEHP-reproductive/developmental effects considered for case study.

Reference Sex/species Protocol Endpoint evaluated

Oral

In Utero/lactational exposure

Andrade et al., 2006a Male offspring/Wistar rats Dams treated GD 6 to LD 22 Anogenital distance, Bi- and

Andrade et al., 2006b Male offspring/Wistar rats

Andrade et al., 2006¢ Male and Female offspring/

Wistar rats
Grande et al., 2006
Grande et al., 2007
Postnatal Exposure
Akingbemi et al., 2001

Female offspring/Wistar rats
Female offspring/Wistar rats

Male offspring/Long Evans rats

Male/Long Evans rats

Akingbemi et al., 2004 Male/ Long Evans rats

Ge et al., 2007a Male Long Evans rats

Multigenerational Exposure
NTP 2004 Male and female Sprague-

Dawley Rats

Inhalation

Ma et al., 2006 Female Wistar-Imamichi rats

Kurahashi et al., 2005 Male Wistar rats

via gavage to DEHP in peanut
oil, 0, 0.015, 0.045, 0.135,
0.405, 1.215, 5, 15, 45, 135, and
405 mg/kg/day

Dams treated via gavage with
100 mg/kg/day on GD 12-21
Treated with 100 mg/kg/day
via gavage on PND 1-21
Treated with 0, 1, 10, 100, or
200 mg/kg/day via gavage on
PND 21-34 or PND 35-48
Treated with 0, 10, or 100 mg/
kg/day via gavage from PND 21
to 48, 90, or 120

Treated with with 0, 10, 500, or
750 mg/kg/day via gavage on
PND 21-48

Administered diets containing
1.5 to 10,000 ppm during
mating and early life over
multiple generations

Administered 0, 5, or 25 mg/m?,
6 h/day, 5 days/week from PND
22 to 41 and to 84
Administered 0, 5 or 25 mg/m?,
6 h/day, 5 days/week, for 4 or

8 weeks

multinucleated (enlarged)
gonocytes, Age at preputial
separation

Serum testosterone, Sperm
production, Sperm morphology

Aromatase activity in the
hypothalamic/preoptic area

Age at vaginal opening
Incidence of tertiary aretic follicles

Serum testosterone and Luteinizing
hormone concentrations

Serum testosterone concentrations

Leydig cell production
Steroidogenic enzyme activity

LH levels and T levels (PND 21-90)

Significant decrease in basal Leydig
cell production (PND 21-90)

Significant increase in LH levels and
T levels (PND 21-120)

Significant decrease in basal Leydig
cell production (PND 21-120)

Significant increase in Leydig cell
number (PND 21-90)

Significant increase in E2 levels
(PND 21-48)

Advanced onset of puberty
Delayed onset of puberty
Increased serum testosterone
Decreased serum testosterone

Delay in testicular descent,
preputial separation, and vaginal
opening, decreases in live pup
weights and live pups per litter

Age at vaginal opening and first
estrous

Plasma testosterone (8 weeks)

Increased seminal vesicle weight
(8 weeks)

doses of 15mg/kg/day and higher. When measured on
PND 22, testes weight was significantly increased at 5,
15, 45, and 135mg/kg/day but not in the highest dose
group, 405mg/kg/day. However, the changes in testes
weight did not increase monotonically with dose over
an 80-fold increase in DEHP dose, when based on the
amount administered to the dam. Other indications of
anti-androgenic effects, including nipple retention and
reduced anogenital distance (AGD), were reported only
in the highest dose group (405 mg/kg/day). A significant
increase in AGD was also reported in the lowest dose

group, which the authors indicated is probably unrelated
to treatment as no similar changes were observed at any
other low doses tested. However, they also noted that
they cannot rule out the possibility that this effect occurs
at even lower doses that those currently evaluated. There
was no effect reported on the age of testis descent at any
DEHP dose given, another endpoint influenced by tes-
tosterone levels (see Section 2.4.1.1.1 for a discussion).
Histopathological changes in the testes of newborn and
weanling rats indicative of abnormal Sertoli cell func-
tion and disruption of Sertoli-germ cells interaction

Critical Reviews in Toxicology
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Table 2. Selected cancer studies for DEHP considered for case study.

Reference Sex/species

Protocol

Endpoint Evaluated

Oral

Voss et al.,2005 Male and female Fischer 344 rats

David et al.,1999; Male and female Fischer 344 rats

David et al.,2000a;
David et al.,2000b

Male and female B6C3F1 mice
Male and female Fischer 344 rats

NTP 1982

Male and female B6C3F1 mice

Administered a diet containing
DEHP at concentrations of 0,

30, 95, or 300 mg/kg/day for

159 weeks

Administered a diet containing
DEHP at concentrations of 0, 100,
500, 2500, or 12,500 ppm for 104
weeks

A diet containing DEHP at
concentrations of 0, 30, 95, or

300 mg/kg/day for 159 weeks
Administered a diet containing
DEHP at concentrations of 0, 6000
or 12,000 ppm for 103 weeks
Administered a diet containing
DEHP at concentrations of 0, 3000
or 6000 ppm for 103 weeks

Hepatocellular adenomas and
carcinomas, Leydig cell tumors,
and pancreatic acinar cell
tumors

Hepatocellular adenomas and
carcinomas and pancreatic
acinar cell adenomas

Hepatocellular adenomas and
carcinomas

Hepatocellular adenomas and
carcinomas

Hepatocellular adenomas and
carcinomas

were noted in the two highest dose groups. On PND 1,
the severity of bi- and multinucleated (enlarged) gono-
cytes were increased in the two highest dose groups; and
on PND 22, there was an increase in severity of signs of
reduced germ cell differentiation. However, there was no
increase in epididymis weight or in the diameter of semi-
niferous tubules when measured on PND 22. While not
significantly different from control, the change in diam-
eter of seminiferous tubules followed the same pattern as
that observed for testes weight.

Grande et al., (2006) reported on the effects of DEHP
on female Wistar rat reproductive development follow-
ing the same protocol described above. Comparable to
the delay in preputial opening in male offspring, there
was a significant delay in the mean age at vaginal open-
ing (~2 days) in the 15mg/kg/day dose group and higher
(Table 4). These data were reported as categorical data
that is the number of animals with time to vaginal open-
ing of >37 day, 35 to 37 days, and 33 to 34 days. A definite
trend toward an increase in the number of animals in
the >37 day category was reported, but no clear dose-
response trend was apparent. There was also a trend for
a delay (~2 days) of the age at first estrus in the two high-
est dose groups. These two endpoints are dependent on
increasing levels of estradiol during puberty and a delay
suggests antiestrogenic or androgenic activity for DEHP.

Andrade et al.,, (2006b) investigated the possible
long-term effects of developmental DEHP exposure
on male reproductive tract structure and function.
The focus of the study was on the potential effects
on reproductive organ weights, testicular function,
hormonal status, and sexual behavior and fertility.
Selected males exposed both in utero and via lactation
were followed for up to PND 144 without any direct
DEHP exposure (Andrade et al., 2006b). Evidence of an
impact on testicular function was observed at PND 144
(Table 5), but no effects on fertility or sexual behavior
was seen at any dose. Specifically, there was no effect
on testis, epididymis, or prostate weight, but seminal

© 2011 Informa Healthcare USA, Inc.

vesicle weight was significantly decreased in the high
dose group. Serum testosterone concentrations fluctu-
ated over the entire dose-range and were significantly
increased in 0.045, 0.405, and 405 mg/kg/day groups
only without any dose-related pattern. While the tes-
tosterone levels in the high dose group were approxi-
mately twice that in the control group, the increase
across the other dose groups was non-monotonic and
not proportional to the DEHP dose. According to the
authors, the daily sperm production for the concurrent
control was significantly higher than the historical rate
for this strain in this laboratory. When compared to the
historical control rates, statistical significance was only
reached in males in the 1.215 mg/kg/day dosed group
and again did not decrease in a dose-related manner.
No effects on testicular morphometry indicative of
alterations in Sertoli function were reported. Further,
reproductive tract malformations were infrequently
seen and spread across dose groups. Despite these
changes, DEHP exposure did not produce changes in
time to mating, or in mating and pregnancy indices
(Table 5). No effects were observed on litter size, fetal
weight, and the number of implantation sites, resorp-
tions, and viable fetuses or any other indices of repro-
ductive function or sexual behavior.

Similarly, to the evaluation of reproductive function
in male offspring, reproductive effects in adult female
offspring exposed to DEHP in utero and via lactation
were reported by Grande et al., (2007). No effects on
reproductive organ weights, estrous cyclicity, concentra-
tions of serum estradiol or progesterone, morphometric
changes in the uterus or vagina luminal epithelial cell
height were seen in any dose group. The only change
was an increase in the number of ovarian tertiary folli-
cles undergoing atresia seen in females in the high dose
group (Table 6).

Andrade et al., (2006c¢) investigated the effect of DEHP
on estrogen metabolism that in addition to its anti-an-
drogenic effects may be mediated through suppression
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Table 4. Effects on female rat reproductive development following administration of DEHP reported by Grande et al. (2006).

Endpoint 0 0.015 0.045 0.135 0.405 1.215 5 15 45 135 405
Age at vaginal 7/38 5/29 13/37 11/37 10/43 16/45 9/35 17/34* 13/30%* 18/33* 15/34%*
opening (>37 days)

Age at first estrus 8/37 6/29 8/37 9/37 6/45 10/35 7/32 5/29 10/32*  12/34°
(>42 days)

* Significantly different from control (p<0.05)

2 Significant trend (least square means control vs 135 mg/kg/day, p=0.053)

b Significant trend (control vs 405 mg/kg/day, p=0.008)

of aromatase enzyme activity. In groups of male and
female offspring of dams treated as noted above, levels
of aromatase in the hypothalamic/preoptic area (HPOA)
of the brain were measured on PND 1 and 22. Sex and
age-related differences in HPOA aromatase activity com-
pared to control rats were seen (Table 7). An interesting
biphasic response was seen in males with low dose inhi-
bition and high dose stimulation. On PND 1, aromatase
activity in the HPOA showed a trend toward decreased
aromatase activity that was significantly decreased in the
0.135 and 0.405 dose groups compared to male controls.
A trend toward greater activity began in the 1.215 dose
group that was statistically significantly increased at 15,
45, and 405 mg/kg/day. Again, however, the increase was
non-monotonic and unrelated to dose. No significant
changes compared to control were seen in females evalu-
ated on PND1. On PND 22, brain aromatase activity was
not elevated in males but was significantly different from
controls in treated female offspring at doses beginning at
0.015mg/kg/day. Again, no dose-response patterns were
seen and the activity was not significantly increased in
all dose groups. No consistent dose-related increases in
aromatase activity were seen. According to the authors,
the effects noted in both males (PND1) and females
(PND 22) corresponded to time points when testes and
ovaries were functionally active or initiating activity,
respectively.

Akingbemi and colleagues

Another group of scientists studied the effects of DEHP
on Leydig cell androgen and estradiol biosynthesis in
male rats exposed at various gestational, lactational, and
postnatal time points (Akingbemi et al., 2004; Akingbemi
etal., 2001; Ge et al., 2007a). Akingbemi et al., (2004) and
Ge et al,, (2007a) administered prepubertal male rats
with doses ranging from 10 to 750 mg/kg/day for various
time intervals from PND 21 to 120.

In Akingbemi et al., (2001), the potential effects of
DEHP exposure on male reproductive development and
function was evaluated. For prenatal exposure, pregnant
(GD 12 to 21) and lactating (PND 1 to 21) Long Evans
female rats received 0 or 100 mg/kg/day DEHP by gav-
age and male offspring were evaluated on PNDs 21, 35
and 90. For prepubertal exposure, male rats received
0, 1, 10, 100 or 200 mg/kg/day on PNDs 21 to 34, 35 to
48, or 21 to 48 also by gavage. Separate groups of young
adult male rats were also exposed to DEHP by gavage
at the same doses in the 1 to 200 mg/kg/day range from
PND 62-89. Following in utero exposure, statistically

© 2011 Informa Healthcare USA, Inc.

significant decreases in serum testosterone and leuteniz-
inghormone (LH) concentrations were reported in males
exposed to DEHP at 100 mg/kg/day when measured on
PNDs 21 and 35, but not at PND 90 (Table 8). No changes
inserum testosterone or LH concentrations were reported
in male offspring exposed only during lactation (PNDs 1
to 21) or at any time period postnatally (PNDs 21, 35, or
90). These results suggest that DEHP modulates Leydig
cell function and steroidogenesis by both dose and the
stage of development when treatment occurred. The data
indicated that DEHP altered levels of enzymes involved
in testosterone biosynthesis and levels of serum LH.

In male rats exposed postnatally, there were no
decreases in serum testosterone or LH levels or in testis
and seminal vesicle weights (Table 9). There was a sig-
nificant decrease in Leydig cell testosterone production
and LH-stimulated testosterone production at 100 mg/
kg/day and higher when dosed on PNDs 21 to 34 and
at 10 mg/kg/day and higher when dosed on PND 35 to
48. Measurement of steroidogenic enzyme activity fol-
lowing postnatal exposure of rats from PND 35 to 48
showed a significant decrease in 17- hydroxysteroid
dehydrogenase (17B-HSD) at 10 mg/kg/day or greater,
decreased P450 cholesterol side-chain cleavage enzyme
and 33-HSD at 100 mg/kg/day or greater and decreased
Cytochrome P450 17a-hydroxylase at 200 mg/kg/day. In
males dosed for 28 days, a dose-dependent increase in
serum concentration of LH and testosterone and testos-
terone levels in the testicular interstitial fluid at doses of
10 mg/kg/day and higher were seen. Treatment of young
adult male rats (PND 62 to 89) did not produce similar
changes. Histological evaluation of the testis presented
no evidence of Leydig cell hyperplasia or other histo-
pathological alterations in any group tested.

Akingbemi et al., (2004) investigated further the
effects of postnatal exposure of DEHP on testicular func-
tion. Male Long Evans rats were administered 0, 10, or
100 mg/kg/day DEHP starting on PND 21 and continuing
until PND 48, 90, or 120. Treatment of male rats (0, 10, or
100 mg/g/day) from PND 21 to 90 resulted in significant
increases in serum LH and testosterone levels, and an
increase in Leydig cell proliferation at both dose levels
(Table 10). Evidence of Leydig cell proliferation was indi-
cated by significant increases in mRNA for PCNA, cyclin
D3, p53, and cyclin G1 (PNDs 21 to 90) and thymidine
incorporation by Leydig cells (PNDs 21-120). Significant
decreases in basal Leydig cell testosterone production
and LH-stimulated testosterone production were also
reported at both doses tested on PNDs 21 to 90. Similar
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Table 6. Reproductive effects reported adult female offspring rats following administration of DEHP (Grande et al., 2007).

Endpoint 0 0.015 0.045 0.135 0.405 1.215 5 15 45 135 405
Ovary weight 60.8+2.18 66.1+2.32 66.0+2.31 63.9+2.03 63.6+2.07 66.0+1.89 63.8+2.06 59.2+1.78 65.5+2.33 67.7+2.30 64.4%
(mg, PND63)"  (19) (20) (21) (20) (19) (20) (20) (20) (20) (20)  1.28(20)
Uterus 0.54+0.01 0.55+0.01 0.56+0.01 0.54+0.01 0.53+0.01 0.54+0.01 0.51+£0.01 0.53+0.02 0.53+0.02 0.55+0.02 0.52+
without fluid (19) (20) (21) (20) (19) (20) (20) (20) (20) (20) 0.01 (20)
(g, PND 63)*

Estrous cycle 4.4%+0.12 4.3+0.13 4.4+0.11 4.5+0.11 4.5+0.13 4.4+0.15 4.6+0.15 4.5+0.12 4.5+0.12 4.4 £0.12 4.5+0.14
length (days) (20) (20) (21) (20) (20) (20) (20) (20) (20) (20) (20)
Animals with 2/20 0/20 3/21 0/20 4/20 1/20 1/20 1/20 1/20 1/20 1/20
prolonged

estrus

(>1 day)

Animalswith  1/20 1/20 2/21 0/20 2/20 1/20 2/20 1/20 2/20 2/20 2/20
prolonged

diestrus

(>3 days)

Serum 26.9+2.17 24.5+0.74 26.5+2.43 24.9+0.83 25.9+0.95 28.8+£1.90 21.5+1.23 23.9+1.41 23.8+1.35 23.1+1.55 26.5%
estradiol (pg/  (19) (20) (21) (20) (19) (20) (20) (20) (20) (20)  1.94(20)
mL, PND 63)*

Serum 7.7+£090 7.6+1.01 7.6+1.38 7.2+0.95 6.9+0.64 7.3+1.04 6.3+0.71 5.1+0.53 5.5+0.66 6.1+0.54 8.1+1.54
Progesterone (19) (20) (21) (20) (19) (20) (20) (20) (20) (20) (20)
(ng/mL

PND 63)"

Ovarian 8+2 9+1 8+1 71 71 9+1 7+1 5+1 8+1 101 16+2
tertiary 9) (10) (10) (10) 9) (10) (10) (10) 9) (10) (10)*
atretic

follicles

(PND 63)

Uterine 26.1+2.4 27.1+2.4 26.9%+3.2 28.1+39 28.6+2.4 26.5+1.7 30.3+x1.4 28.4+21 27.9+4.1 28.4%+2.8 30.1+1.8
luminal (6 (6) (6) (6) (6) (6) (6) (6) (6) (6) (6)
epithelial cell

height*

Vaginal 76.3+6.3 77.5+2.8 76.9+7.6 71.3+2.2 72.1+3.1 72.1+29 71.0+2.7 724+3.0 705%+2.8 74.8%+4.6 74.7+4.1
luminal (6 (6) (6) (6 (6) (6) (6) (6) (6 (6) (6)
epithelial cell

height*

* Numbers represent means * S.E. The number of animals is indicated parenthesis
* Significantly different from control (p < 0.05)

Table 7. Effects on rat brain aromatase activity following gavage administration of DEHP (Andrade et al.,2006c).

Endpoint 0 0.015 0.045 0.135 0.405 1.215 5 15 45 135 405
HPOA 54.0+21.3 52.1+28.4 49.2+8.2 39.5+14.1 39.4+5.8 48.5+11.6 60.2+14.9 87.2+22.9 75.5+10.8 68.9+11.7 74+15.9
aromatase (12) (12) (12) (12)* (12)* (12) (12) (12)* (12)* (12) (12)*
activity in

males (PND 1)

HPOA 36.9+12.2 31.4+7.6 27.4%+5.0 30.1+56 27.5+4.3 31.1+7.2 30.1+7.2 305+8.0 31+7.2 31.6x7.4 26.0£10.9
aromatase (12) (12) (12) (12) (12) (12) (12) (12) (12) (12) (11)
activity in

females

(PND 1)

HPOA 21.7+7.5 24.9x4.8 223+4.6 27.0£6.4 28.5+2.7 25.3+3.5 21.4+53 25.5x4.4 23.4+48 28.8+7.9 21.7+2.8
aromatase (12) (11) (10) (12) (12)* (12) (10) (12) (11) (12) (11)
activity in

males

(PND 22)

HPOA 21.4+4.2 252+3.7 24.3+3.7 26.9+8.6 28.9+59 30.3+x4.8 23.3+53 274+34 28.5+5.6 29.3+5.5 26.8+2.1
aromatase (12) (11)* (12) (12)* (10)* (12)* (12) (12)* (12)* (10)* (11)*
activity in

females

(PND 22)

* Significantly different from control (p <0.05)
Numbers represent mean * S.D. The number of animals is indicated parenthesis
HPOA, hypothalamic/preoptic area
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Table 8. Changes in serum testosterone and LH levels following
gavage administration of DEHP (Akingbemi et al.,2001).

Effects on serum testosterone and serum LH levels in male rats
exposed to DEHP during gestation (GD 12-21)

Endpoint 0 100
1.9+0.04 (18) 1.4+0.6 (18)*

Serum T concentrations
(ng/mL, PND 21)

Serum T concentrations 2.8+0.1(10) 1.8+0.1 (10)*
(ng/mL, PND 35)
Serum T concentrations 5.3+0.4(9) 6.6+0.6 (9)

(ng/mL, PND 90)

Serum LH levels (ng/mL, 0.26+0.08 (18) 0.11+0.01 (18)*
PND 21)

Serum LH levels (ng/mL, 0.54+0.07 (10)  0.27+0.06 (10)*
PND 35)

Serum LH levels (ng/mL, 0.53+0.08(9) 0.66+0.13(9)
PND 90)

Effects on serum testosterone and serum LH levels in male
rats exposed to DEHP during lactation (PND 1 - 21)

Endpoint 0 100
Serum T concentrations 2.01+0.06 1.75+0.06%*
(ng/mL, PND 21)

Serum T concentrations NR NR
(ng/mL, PND 35)

Serum T concentrations NR NR
(ng/mL, PND 90)

Serum LH levels 0.26+0.08 0.11+0.01
(ng/mL, PND 21)

Serum LH levels NR NR
(ng/mL, PND 35)

Serum LH levels NR NR

(ng/mL, PND 90)

Numbers represent mean * S.E. The number of animals is
indicated parenthesis.

* Significantly different from control (p <0.05)

NR, data not reported in study

patterns of increases and decreases in the same end-
points were seen in male rats treated from PND 21 to 120;
however, significant changes were only reported in the
high dose group, 100 mg/kg/day.

When treatment with DEHP (0, 10, or 100 mg/kg/day
by gavage) occurred on PNDs 21 to 48, serum estradiol
levels and LH-stimulated Leydig cell estradiol levels were
significantly elevated in both dose groups, while mRNA
for aromatase and Basal Leydig cell estradiol production
were significantly elevated in the males in the high dose
group only. The authors concluded that the increased
serum estradiol levels were the result of enhanced estra-
diol biosynthesis as indicated by the elevated levels of
basal and LH-stimulated estradiol production by Leydig
cells and the increases in aromatase activity in the Leydig
cells. However, by PND 90, serum estradiol levels were
comparable to controls, perhaps reflecting the increased
numbers of Leydig cells in treated rats, as mentioned
previously.

Ge et al,, (2007a) extended these investigations to
assess the timing of puberty, as indicated by the time
to preputial separation and reported a dose-dependent
biphasic effect. In male rats administered DEHP by gav-
age atdoses of 0, 10, 500 or 750 mg/kg/day from PND 21 to

© 2011 Informa Healthcare USA, Inc.
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49, an advanced onset of puberty (based on day of prepu-
tial separation) which was accompanied by significant
increases in seminal vesicle weight and elevated serum
testosterone levels in the low and high dose groups (10 or
750 mg/kg/day), with no significant changes reported in
the mid-dose group of 500 mg/kg/day (Table 11). At the
high dose of 750 mg/kg/day, the preputial separation was
delayed, rather than advanced, and there were significant
decreases reported in testicular weight, prostate weight,
and serum testosterone. Ge et al., (2007a) suggested that
the low doses of DEHP induced serum testosterone lev-
els and advanced the onset of puberty in male rats, while
higher doses had the opposite effect.

National Toxicology Program (NTP)

The NTP conducted a complex three generation con-
tinuous breeding study in Sprague-Dawley rats (NTP,
2004). The F, generation consisted of a control group
(1.5 ppm - background in the diet) and seven treat-
ment groups ranging from 10 to 10,000 ppm in the diet.
Animals from the F, generation were bred to produce
the F, generation, the F, adults bred to produce the F,
generation, and the F, adults bred to produce the F,
generation. Based on measured feed consumption, mg/
kg daily doses were estimated to be 0.12, 0.78, 2.4, 7.9,
23, 77, 592, and 775 mg/kg/day in the F, generation,
0.09, 0.48, 1.4, 1.9, 14, 48, 391, and 543 mg/kg/day in
the F, generation, and 0.1, 0.47, 1.4, 48, 14, 46, and 359
mg/kg/day in the F, generation. The high concentration
animals (10,000 ppm) only completed the F, generation
and were sacrificed because of the inability to produce
an F, generation.

Following 1 week of premating exposure to DEHP,
animals were cohabitated for 9 weeks. The first two litters
produced during the cohabitation period by the F, gen-
eration (F , F ) were counted, weighed and anogenital
distance measured on PND 1, then sacrificed. The third
litter born (F, ) was reared without culling until wean-
ing on PND 21. On PND 1, 4, 7, 14, and 21, the number
of pups was counted, each pup weighed and AGD (PND
1 only) measured. Litters were counted and weighed on
PND 1, 4, and 21, with pups sacrificed in PND 21. On
PND 12 and 13, male pups were examined for retained
nipples. On PND 16, five males and two female off-
spring were randomly selected from each litter. For the
females, one was selected for necropsy on PND 60-74
and the other was selected for cohabitation to produce
the next generation. For the males, one was assigned
for cohabitation, three were selected to be maintained
until ~2 weeks prior to necropsy of the mating males for
evaluation of testicular descent and preputial separa-
tion, and one was selected for necropsy on PND 63-64.
The males and females necropsied on PND 60-74 had
sexual development parameters measured and were
then sacrificed.

Methods used for the mating of the F, generation and
the examination of the offspring (F, , F, , F, ) were similar,
with the exception of on PND 16, up to 22 male pups were
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Table 9. Change in reproductive parameters reported in male rats following gavage administration of DEHP (Akingbemi et al.,2001).

Endpoint

0

1

10

100

200

Reproductive parameters in male rats exposed to DEHP from PND 21 to 34

Testis weight (g, PND 35)?

Seminal vesicle weight (mg, PND 35)*
Serum LH (ng/mL, PND 35)

Serum testosterone (ng/mL, PND 35)
Basal testosterone (ng/10° cells e 3h,
PND 35)

LH-stimulated testosterone (ng/10°
cells ¢ 3h, PND 35)

1.50+0.1 (10)
68.2+7 (10)
0.59+0.07 (10)
2.2+0.5(10)
12.5+0.36 (10)

65.0+2.6 (10)

1.53+0.1 (10)
63.4+6 (10)
0.6+0.1(10)
1.81+0.4 (10)
11.4+0.6 (10)

54.9+4.1(10)

Reproductive parameters in male rats exposed to DEHP from PND 35 to 48

Testis weight (g, PND 49)°

Seminal vesicle weight (mg, PND 49)?
Serum LH (ng/mL, PND 49)

Serum testosterone (ng/mL, PND 49)
Basal testosterone (ng/10° cells e 3h,
PND 49)

LH-stimulated testosterone (ng/10°
cells e 3h, PND 49)

P450 cholesterol side-chain cleavage
enzyme (PND 49)

3B3-hydroxysteroid dehydrogenase
(HSD) (PND 49)

2.10+0.3 (10)
234+18 (10)
0.69+0.14 (10)
3.05+0.5(10)
15.5+1.2 (10)

118.5+7.7 (10)
23.1+1.6(10)

540.7+18.3 (10)

1.9+0.4 (10)
221+15 (10)
0.67+0.1(10)
3.40+0.3 (10)
16.0+1.4 (10)

105.2+7.0 (10)
27.3+1.2(10)

598.7+7.3 (10)

1.57+0.09 (10)
64.4+7 (10)
0.65+0.13 (10)
2.45+0.8 (10)
11.2+0.4 (10)

61.1+3.0(10)

2.4+0.3 (10)
198+11 (10)
0.66+0.13 (10)
2.80+0.2 (10)
9.6+0.9 (10)*

75.3+7.0 (10)*
18.6+0.8 (10)

541.9+26.8 (10)

P450 17a-hydroxylase (PND 49) 277.9+32(10) 295.4+57.1(10)
17B-HSD (PND 49) 111.4+13.8(10)  57.5+42.8(10)
Reproductive parameters in male rats exposed to DEHP from PND 21 to 48

271.0+40 (10)
29.3+3.2 (10)*

Testis weight (g, PND 49)?

Seminal vesicle weight (mg, PND 49)*
Serum LH (ng/mL, PND 49)

Serum T (ng/mL, PND 49)

Interstitial fluid testosterone (ng/mL,
PND 49)

Basal testosterone (ng/10° cells e 3h,

2.50+0.2 (10)
289+ 24 (10)
0.7+0.08 (10)

4.15+0.7 (10)
267+37 (10)

18.7+2.3(10)

2.6+0.3 (10)
284+15 (10)

1.04+0.12 (10)

4.40+0.4 (10)
265+ 25 (10)

21.7+1.8(10)

2.4+0.1(10)

273+37 (10)
1.16+0.1 (10)*
5.60+0.6 (10)*
388+41 (10)*

35.1+3.9 (10)*

1.63+0.2 (10)
63.2+4 (10)
0.51+0.12 (10)
1.98+0.6 (10)
7.0+0.4 (10)*

35.0+2.5 (10)*

2.2+0.2 (10)
238+13 (10)
0.73+0.12 (10)
3.10£0.5 (10)
8.2+0.8 (10)*

60.1+5.2 (10)*
8.8+1.6 (10)*
250.6+23.8 (10)*

242.6+66 (10)
37.5+7.3 (10)*

2.5+0.2 (10)
306+35 (10)

1.3+0.09 (10)*
5.90+0.7 (10)*
377+24 (10)*

52.4+4.6 (10)*

1.62+0.3 (10)

63.5+8 (10)

0.52+0.1 (10)
2.9+0.7 (10)
6.9+0.3 (10)*

30.9+2.1 (10)*

2.3+0.3 (10)
215+14 (10)
0.71+0.1 (10)
3.20+0.3 (10)
7.4+0.8 (10)*

54.0+4.0 (10)*
8.3+1.2 (10)*
316.6+23.7 (10)*

105.7+9.8 (10)*
25.7+6.5 (10)*

2.4+0.3 (10)
291+31 (10)
1.11+0.09 (10)*
5.70£0.5 (10)*
385+41 (10)*

58.3+3.9 (10)*

PND 49)

LH-stimulated testosterone (ng/10°
cells e 3h, PND 49)

128.4+9.7 (10)

138.0+11.0 (10)

208.1+13.7 (10)* 258.9+15.2 (10)* 297.6+17.0 (10)*

Numbers represent mean + S.E. The number of animals is indicated in parenthesis.

* Significantly different from control (» <0.05)
2 Testis and seminal vesicle (wet) weights are paired

selected for the F, mating trial from each dose group. Of
these, 17 were assigned to cohabitation, with 3 males per
litter per group selected for non-mating reproductive
evaluation (testicular descent and preputial separation).
Up to two females from each litter were selected to com-
prise the 17 that were assigned to the F, mating trial. For
the F, generation, methods similar to those used for the
F, generation were applied, with no pups retained for
eventual mating.

The authors reported that effects on reproduction,
organ weight, and body weight were mainly noted in
the 7500 and 10,000 ppm groups (Table 12). In the F,
generation, when all litters were combined, significant
decreases in the number of live males per litter and total
live pups per litter were noted in the 7500 ppm group
only and decreased proportion of pups born alive and
live pup weights (male, female and combined) were
noted in the 10,000 ppm group only. It is important to
note that dam food consumption during lactation was

decreased in these two dose groups and may contribute
to the decreased pup weight observed.

In the F, generation, when all litters were combined,
decreases in live pup weights (adjusted for litter size for
male, female and both) were reported in the 7500 ppm
groups (no offspring produced by the 10,000 ppm group
in the F generation). In the F, generation, when all litters
were combined, the only significant effect reported was a
decrease in the average litters per pair.

In evaluating sexual development in the offspring,
one unusual effect was observed in the F, males
(Table 13). A statistically significant delay in the day of
preputial separation was noted in all dose groups tested
and a significant delay in the day of testicular descent
was noted in males administered 30 ppm or greater.
Significant delays in these endpoints were only observed
in the 7500 ppm groups of the F| and F, generations. No
explanations for these observations were provided by
the authors.
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Table 10. Changes in Reproductive Parameters reported by Akingbemi et al. (2004) in male rats following gavage exposure to DEHP.

Endpoint

0

10

100

Serum LH Level (ng/mL, PND 90)

Serum testosterone Level (ng/mL, PND 90)

Basal Leydig cell T production (ng/106 cells ¢ 3h, PND 90)
LH-stimulated testosterone production (ng/106 cells ¢ 3h, PND 90)
Serum LH level (ng/mL, PND 120)

Serum testosterone level (ng/mL, PND 120)

Basal Leydig cell T production (ng/106 cells « 3h, PND 120)
LH-stimulated testosterone production (ng/106 cells ¢ 3h, PND 120)
PCNA mRNA levels (PCNA/S16, PND 90)

Cyclin D, mRNA levels (Cyclin D,/S16, PND 90)

p53 mRNA levels (p53/S16, PND 90)

Cyclin G, mRNA levels (Cyclin G,/S16, PND 90)

Number of Leydig cells recovered per gram testis (x10°, PND 90)
Leydig cell number (x10° per testis, PND 120)

Thymidine incorporation (cpm x 10° cells, PND 120)

Serum 17f3-estradiol (E2) Levels (ng/mL, PND 48)

Serum E2 levels (ng/mL, PND 90)

Basal Leydig cell E2 production (ng/10° cells ¢ 3h, PND 48)
LH-stimulated Leydig cell E2 production (ng/10° cells ¢ 3h, PND 48)
Aromatase mRNA levels (Aromatase/S16, PND 48)

0.51+0.10 (10)
2.91+0.45 (10)
18.0%0.6 (10)
320.0+23.8 (10)
0.63+0.13 (10)
6.32+1.11 (10)
20.96+2.09 (10)
420.9+33.8 (10)
0.60+0.05 (10)
0.74+0.10 (10)
1.01%0.16 (10)
0.81+0.15 (10)
0.91+0.3 (10)
22.3+1.32(10)
0.60+0.018 (10)
0.07+0.002 (10)
0.19+0.01 (10)
0.39+0.02 (10)
0.69+0.07 (10)
0.41+0.08 (10)

0.74+0.09 (10)**
5.57+0.85 (10)**
5.6+0.4 (10)**

123.7+7.2 (10)**
0.91+0.08 (10)
6.52+0.82 (10)

20.18+1.34 (10)

390.7+21.5 (10)
0.81+0.06 (10)*
0.90+0.09 (10)*
1.09£0.16 (10)
0.99+0.13 (10)*
1.40+0.06 (10)**
31.4+1.09 (10)**
0.66+0.016 (10)**
0.10+0.001 (10)**
0.18+0.01 (10)
0.42+0.03 (10)
1.12+0.09 (10)**
0.50+0.04 (10)

1.13+0.20 (10)**
4.31+0.72 (10)**
4.5+0.4 (10)**
77.1+5.8 (10)**
1.32+0.20 (10)**
9.29:+1.12 (10)**
16.10+0.70 (10)**

322.5+12.3 (10)**
0.91+0.09 (10)*
1.06+0.14 (10)*
1.27+0.06 (10)*
1.14+0.11 (10)*
1.53+0.02 (10)**
36.9+0.75 (10)**
0.72+£0.018 (10)**
0.11:+0.003 (10)**
0.21+0.01 (10)
1.11+0.03 (10)**
1.81+0.20 (10)**
0.65:+0.09 (10)**

Numbers represent mean * S.E. The number of animals is indicted in parenthesis.

* Significantly different from control p<0.05
** Significantly different from control p<0.01

Table 11. Biphasic effects of reported in male rats following postnatal exposure to DEHP for 28 days (PND 21 to 48)* (Ge et al.,2007a).

Endpoint 0mg/kg

10mg/kg 500mg/kg 750 mg/kg

Time to preputial separation (days)
Testes weight (g, PND 49)

Seminal vesicle weight (g, PND 49)
Prostate weight (g, PND 49)

Serum Testosterone (ng/ml, PND 49)
Serum LH (ng/ml, PND 49)

41.5+0.1(10)
2.56+£0.06 (38)
0.26£0.02 (38)
0.20+0.01 (38)
1.98+0.2 (38)
1.77+0.22 (38)

39.7+0.1 (10)*
2.65+0.06 (19)
0.33+0.02 (19)*
0.24+0.02 (19)
3.13+0.37 (19)**
1.52+0.12 (19)

40.8+0.1 (10) 46.3+0.6 (10)**
2.39+0.08 (19) 1.83+0.08 (25)**
0.23+0.02 (19) ND
0.25+0.05 (19) 0.11+0.01 (25)**
2.18+0.19 (19) 1.18+0.18 (25)**
2.35+0.24 (19) 1.21+0.19 (25)

ND, no data
* Significantly different from control p<0.05
** Significantly different from control p <0.001

* Numbers represent mean + S.E. The number of animals is indicted in parenthesis.

Noncancer studies by the inhalation route of exposure
Inhalation studies that could be considered for the
estimation of a POD were limited to two studies con-
ducted by a single group of investigators (Kurahashi
et al., 2005; Ma et al., 2006). In these two studies, the
protocols were similar, with one study focused on pre-
pubertal effects in male rats (Kurahashi et al., 2005) and
the other focused on effects in female rats (Ma et al.,
2006). The concentrations administered were the same
in both studies (0, 5, or 25 mg/m?), with time of expo-
sure being similar as well. In the male studies, exposure
was initiated at 28 days of age and continued for either
4 (PND 56) or 8 weeks (PND 84). In the females, expo-
sure was initiated at 22 days of age and continued until
postnatal day 41 (Experiment 2) or 84 (Experiment 1).
The objective of each study was not only to investigate
the effects of DEHP inhalation in prepubertal animals,
but also whether there is a difference between routes of
exposure.

© 2011 Informa Healthcare USA, Inc.

In male rats, significant dose-related increases in
seminal vesicle weight and plasma testosterone were
observed only following 8 weeks of exposure (Kurahashi
et al., 2005) (Table 14). This is consistent with changes in
testosterone observed following oral exposure to DEHP in
male rats from PND 21 to 90 (Akingbemi et al., 2004). No
other dose-related changes were reported. In the female
rats, a significant decrease in the age of vaginal open-
ing and age of first estrous cycle were reported at both
concentrations (Ma et al., 2006) (Table 15). A significant
increase in the number of females with irregular estrous
cyclicity was also observed in females receiving 25 mg/m?
on PND 49 to 84. Increases in estradiol and LH were noted
in female rats at the high dose at PND 42 (Experiment 2).
In addition, significantly increased cholesterol levels
were noted at both doses on PND 42 (Experiment 2);
however, the levels were significantly decreased at both
doses on PND 84 (Experiment 1). Levels of aromatase, a
rate-limiting enzyme responsible for the conversion of
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Table 13. Summary of sexual development data from NTP (2004).

Dose groups®

(day of:) 1.5 ppm 10 ppm 30 ppm 100 ppm 300 ppm 1000 ppm 7500 ppm  TrendP

F,. Females

Vaginal opening  33.23+0.38 32.92+0.43 33.38+0.36 33.18+0.30 32.72+0.35 34.11+0.45 36.25+0.72 P=0.002
(26) (24) (29) (28) (32) (28) (24)*

F . Males

Prepuce 42.50+0.24 41.78+0.16 41.71+0.20 42.06+0.22 41.57+0.18 42.67+0.22 45.98+0.36 P<0.001

Opening (62) (51) (70) (66) (75) (69) (56)*

Testicular 24.92+0.24 24.45+0.28 24.84+0.18 24.33+0.22 24.67+0.19 25.42+0.26 24.92+0.24 P<0.001

Descent (62) (51) (70) (66) (75) (69) (62)

E,. Females

Vaginal opening  34.00+0.57 35.14+0.39 33.15+0.49 34.32+0.44 34.41+0.54 34.95+0.54 39.54+0.62 P<0.001
(23) (22) 27) (22) (22) (22) (24)*

F,. Males

Prepuce 43.491+0.38 45.39+0.27 44.45+0.32 44.86+0.34 44.18+0.47 45.27+0.41 50.00+£0.40 P<0.001

Opening (39) (49)* (56)* (42)* (39)* (48)* (42)*

Testicular 24.51+0.20 24.76+0.24 25.91+0.29 25.29+0.19 24.90+0.33 25.40+0.32 27.88+0.31 P<0.001

Descent (39) (49) (55)* (42)* (39)* (48)* (42)*

F,. Females

Vaginal opening  34.80+0.42 35.10+0.28 34.40+0.44 34.80+0.51 34.60+0.41 35.60+0.58 40.80+0.45 P<0.001
(31) (34) (33) (34) (19) (34) (20)*

F,. Males

Prepuce 44.40+0.35 45.00+£0.34 43.30+£0.34 44.20+0.38 45.30+0.62 44.2+0..33 49.50+0.47 P=0.008

Opening (30) (34) (32) (34) (23) (34) (18)*

Testicular 26.80+0.34 26.30+0.31 26.30+0.32 25.80+0.24 27.3010.25 27.50+0.37 29.30+0.53 P<0.001

Descent (30) (34) (32) (34) (23) (33) (18)*

2 Mean + standard error (number of animals)

b Each dose group is compared to the control with Shirley’s test when a trend is present (p<0.01 from Jonckheere’s trend test), otherwise

Dunn’s test is applied (* p<0.05).

Table 14. The effects of subacute inhalation of DEHP on selected
endpoints in prepubertal Wistar rats (Kurahashi et al., 2005).

Endpoint 0 5 25
Seminal vesicle weight 0.327+0.034 0.426+0.035 0.428+0.017
(g/100g bw, PND 84) (6) (6)** (6)**

Plasma testosterone 0.81+0.18 1.52+0.38 1.60+£0.61
(PND 84) (6) (6)* (6)*
*p<0.05; **p<0.01

testosterone to estradiol, was elevated at the high dose on
PND 20. In conclusion, the results reported in the female
rats indicate that inhaled DEHP advanced the onset of
puberty and altered post pubertal reproductive functions
(Ma et al., 2006).

Cancer effects

Five chronic oral studies in animals have been identi-
fied that evaluated the carcinogenic effects of DEHP
in rats and mice (David et al., 1999; David et al., 2000a;
David et al., 2000b; NTP, 1982; Voss et al., 2005). Voss
et al.,, (2005) fed male and female Sprague-Dawley rats
a diet containing DEHP at concentrations of 0, 30, 95,
or 300 mg/kg/day for 159 weeks. Statistically significant
increases in tumors were reported in the liver and testes
of sacrificed animals in the high dose group (Table 16).
For the liver, the incidence of neoplasms evaluated
included all benign and malignant neoplasia. In addi-
tion to being significant compared to control incidence,
there was a significant positive dose-related trend over
all three dose groups for all hepatocellular neoplasia.

Significant increases in the incidence of Leydig cell
tumors were also observed in the high-dose group, with
significant dose-related trends also reported. The authors
conducted time-to-tumor analyses and results indicated
that the Leydig cell tumors occurred with a significantly
higher incidence in the second time period (750-950
days), which was earlier than the period in which most
of the hepatocellular tumors were reported. Although
the authors did not report it as statistically significantly
increased, the reported incidence of pancreatic acinar
cell adenomas in the high-dose group was significantly
increased compared to controls (p<0.001).

David et al., (1999; 2000a; 2000b) studied the effects
of chronic dietary exposure of DEHP in male and female
B6C3F1 mice and Fischer 344 rats. In these studies, mice
were fed a diet containing DEHP resulting in doses of 0,
30, 95, or 300 mg/kg/day for 159 weeks (David et al., 1999;
2000b), while rats received concentrations of 0, 100, 500,
2500, or 12,500 ppm for 104 weeks (David et al., 2000a;
2000b). Additional groups of rats and mice received the
highest concentrations for 78 weeks and then the con-
trol diet for an additional 26 weeks (recovery group).
Animals were sacrificed at 79 and 105 weeks for histo-
pathological examination. Results indicated statistically
significant increases in the incidence of hepatocellular
adenomas and carcinomas in male mice at concentra-
tions of 500 ppm and higher and in female mice at con-
centrations of 1500 ppm and higher (Table 17). In rats,
statistically significant increases in the incidence of total
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hepatocellular tumors were observed in males at 2500
and 12,500 ppm and in females at 12500 ppm (Table 17).
Statistically significant increases in the incidence of pan-
creatic acinar cell adenomas were also reported in male
rats at dietary concentrations 12,500 ppm (Table 18).
Finally, NTP (NTP, 1982) examined the effects of
DEHP in both male and female rats and mice. The
mice were fed diets containing 0, 3000, or 6000 ppm

Table 15. Reproductive effects reported in prepubertal female
rats following inhalation exposure to DEHP (Ma et al., 2006).

Endpoint 0 5 25
Age at vaginal 32.0£2.0 30.3£1.3 29.7+1.3
opening (days, (10) (10)* (10)*

experiment 1)*

Age at vaginal 31.8+2.6 29.2+2.0 29.5+2.8
opening (days, (12) (12)* (12)*
experiment 2)*

Age at first 32.7+2.3 30.6+1.3 29.8+1.2
estrous (days, (10) (10)* (10)*
experiment 1)*

Age at first 33.4+2.3 31.0+2.1 30.6+2.7
estrous (days, (12) (12)* (12)*
experiment 2)*

Irregular estrous 12/82 10/83 25/86%"
cyclicity

Serum LH 9.5+13.3 9.13+8.06 38.20+35.21
(ng/mL, PND42)* (12) (12) (12)%
Serum estradiol 135.10+56.84 166.07+49.92 205.64+47.69
(pg/mL, PND 42)* (12) (12) (12)*
Serum Cholesterol 1.65+0.17 1.36+0.24 1.31+£0.30
(mM, experiment (10) (10)* (10)*

1, PND 84)

Serum cholesterol 1.54+0.23 1.83+0.27 1.93+0.32
(mM, experiment (12) (12)* (12)*

2, PND 49)

Aromatase —2.14+0.35 —-2.11%£0.22 —1.79+0.38
levels (relative (10) (10) (10)**
expression Lgl10,

PND 84)

* Significantly different from control p<0.05

* Significantly different from 5mg/m?* p<0.05

* Numbers represent mean + S.D. The number of animals is
indicated in parenthesis.
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DEHP and the rats were fed diets containing 0, 6000 or
12,000 ppm DEHP for 103 weeks. In female rats there
were significant increases in the incidence of hepatocel-
lular carcinoma and hepatocellular neoplastic nodules
in the high dose group (Table 19). When the incidence
of carcinomas and neoplastic nodules was combined it
was significant in both the low and high dose groups of
female rats and in the high dose group of male rats. In
male and female mice, the incidence of hepatocellular
carcinoma was significantly increased in the high dose
group and the combined incidence of hepatocellular
carcinoma or adenoma was significantly increased in
both dose groups.

Toxicokinetics

DEHP is one of a class of phthalate esters that consist of
paired ester groups on a cyclohexatriene ring (benzene-
dicarboxylic acid) (Kluwe, 1982). This class of compounds
is synthesized commercially by condensation of appro-
priate alcohols with phthalic anhydride. Members of this
class with short alkyl groups, such as di-n-butyl phthalate
(DBP), are relatively soluble in water, while other com-
pounds, such as DEHP, are relatively insoluble in water,
due to their lipophilic structures.

Humans can be exposed to DEHP by all routes of
exposure, including intravenously through medical prac-
tices such as in dialysis or blood transfusions where the
source of DEHP is the plastics used in medical treatment
devices or storage bags. The focus of this review, however,
is on those animal studies conducted by the oral and
inhalation routes of exposure. A brief discussion of the
pharmacokinetics of DEHP following exposure by these
two routes is provided.

Absorption

In humans, measurement of DEHP metabolites in the
urine indicates absorption by both the oral and inha-
lation routes of exposure (ATSDR, 2002). Following
inhalation exposure, no quantitative estimate of the
amount absorbed in humans or animals is available;
however, identification of DEHP or its metabolites in

Table 16. Incidence of tumors reported in male Sprague-Dawley rats following lifetime dietary administration of DEHP

(Voss et al., 2005).

Tumor Type Control 30mg/kg 95mg/kg 300mg/kg
Hepatocellular adenomas 16/390 5/180 2/100 1/60*
Hepatocellular carcinomas 19/390 11/180 3/100 4/60*
Hepatocellular adenomas and carcinomas combined 35/390 16/180 5/100 5/60*a
Leydig cell tumors - all 64/390 34/180 21/100 17/60%*a
Leydig cell tumors - unilateral 51/390 30/180 17/100 12/60*a
Leydig cell tumors - bilateral 4/180 4/100 5/60*a
Leydig cell tumors - multifocal 16/390 14/180 5/100 10/60%*a
Leydig cell proliferates 54/390 32/180 15/100 10/60**a
Tubular atrophy 176/390 75/180 45/100 43/60%*a
Pancreatic acinar cell tumors 1/180 1/100 11/60

* Significantly different compared to controls (two-tailed, chi square test).

** Significantly different from controls (two-tailed, time-dependent).

2 Dose related trend

© 2011 Informa Healthcare USA, Inc.
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Table 17. Incidences of hepatocellular neoplasms in Fischer 334 rats following lifetime administration of DEHP (David et al.,1999).

Historical

Tumor type 0 ppm 100 ppm 500 ppm 2500 ppm 12500 ppm Recovery control
Rats
Males - week 79
Hepatocellular adenomas 0/10 1/10 1/10
Hepatocellular carcinomas 1/10 0/10 4/10
Males - total incidence
Hepatocellular adenomas 4/80 5/50 3/55 8/65 21/80 12/55
Hepatocellular carcinomas 1/80 0/50 1/55 3/65 24/80 7/55
Hepatocellular adenomas 5/80 5/50b 4/55 11/65*° 34/80*° 18/55*P 11/323
and carcinomas combined
Females - week 79
Hepatocellular adenomas 0/10 0/10 1/10
Hepatocellular carcinomas 0/10 0/10 2/10
Females - total incidence
Hepatocellular adenomas 0/80 3/50 1/55 2/65 8/80 6/55
Hepatocellular carcinomas 0/80 1/50 0/55 1/65 14/80 4/55
Hepatocellular adenomas 0/80 4/50%° 1/55 3/65 3/65 22/80%° 10/55*P
and carcinomas combined
Tumor type 0 ppm 100 ppm 500 ppm 1500 ppm 6000 ppm Recovery Historical

control
Mice
Males - week 79
Hepatocellular adenomas 1/15 1/10 2/10 1/10 1/15
Hepatocellular carcinomas 0/15 0/10 1/10 0/10 1/15
Males - total incidence
Hepatocellular adenomas 4/70 10/60 13/65 14/65 19/70 3/55
Hepatocellular carcinomas 4/70 5/60 9/65 14/65 22/70 12/55
Hepatocellular adenomas 8/70° 14/60 21/65° 27/65%0 37/70%° 14/55% 41/149
and carcinomas combined
Females - week 79
Hepatocellular adenomas 0/10 1/10 1/10 1/10 4/15
Hepatocellular carcinomas 0/15 0/10 0/10 0/10 2/15
Females - total incidence
Hepatocellular adenomas 0/70 2/60 4/65 9/65 34/70 13/55
Hepatocellular carcinomas 3/70 2/60 3/65 10/65 16/70 23/55
Hepatocellular adenomas 3/70 4/60 7/65 19/65*° 44/70%> 30/55%° 11/151
and carcinomas combined
2 Significantly different from concurrent controls
b Significantly different from historical controls
the urine or in tissue samples indicate that absorption Distribution

has occurred. In addition, due to the lipophilic nature
of DEHP, it would be expected to be readily absorbed
from the lungs into the circulation (Kluwe, 1982). Based
on urinary excretion of metabolites, rats absorb greater
amounts of DEHP than humans, with absorption of
greater than 90% of the amount found in foods with
DEHP concentrations ranging from 10 to 2000 ppm
(Kluwe, 1982).

Results from animal studies suggest that at low
exposure concentrations, most of the ingested DEHP
is hydrolyzed in the small intestines and absorbed as
mono(2-ethylhexyl)phthalate (MEHP) or 2-ethylhexanol
(Albro, 1986; Albro et al., 1982). Larger percentages of
smaller doses are expected to be absorbed, as intestinal
transport of MEHP and DEHP can be saturated at high
doses (Short et al., 1987).

DEHP, whether administered orally or parenterally, is
rapidly cleared from the body within 1-5 days (Kluwe,
1982). There is little or no evidence of tissue accu-
mulation or prolonged tissue retention. Because it is
lipophilic, if accumulation occurs, DEHP or its metab-
olites will be present in the adipose tissue, absorptive
organs (i.e. gastrointestinal tract) and excretory organs
(i.e. liver, kidney and gastrointestinal tract) (ATSDR,
2002; Kluwe, 1982). Tissue concentrations of DEHP
from accident victims ranged from 0.3 to 1.0 ppm in
adipose tissue (Mes et al., 1974). DEHP has also been
isolated in the kidneys of autopsied patients (Overturf
etal., 1979). However, since DEHP can easily contami-
nate biological samples during laboratory processing
operations, the presence of DEHP in tissues may be an
artifact.
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Table 18. Incidences of histopathological lesions reported in male Fischer 344 rats administered DEHP in the diet (David et al.,2000a).

Tumor Type 0 ppm 100 ppm 500 ppm 2500 ppm 12500 ppm
Rats

Males

Kupffer cell/hepatocyte pigmentation 0/80 0/50 0/55 1/65 44/80°
Spongiosis hepatis 3/80 3/50 3/55 11/65* 11/80*
Pancreatic acinar cell adenoma 0/60 0/17 0/14 0/18 5/59*
Mineralization of renal papilla 12/60 19/50° 27/51* 31/622 45/62°
Chronic progressive nephropathy 60/60 49/50 51/51 60/62 62/62
Renal tubule pigment 58/60 49/50 51/51 60/62 62/62
Castration cells in pituitary gland 1/60 0/50 0/51 1/52 30/60*
Interstitial cell tumor of testes 59/64 45/50 50/55 60/65 20/64*
Aspermatogenesis (bilateral) 37/64 34/50 43/55% 48/65° 62/64*
Mononuclear cell leukemia 15/65 13/50 16/55 32/65 27/65*
Females

Kupffer cell/hepatocyte pigmentation 0/80 0/50 0/55 1/65 24/80*
Spongiosis hepatis 0/80 0/50 0/55 1/65 1/80
Pancreatic acinar cell adenoma 0/60 0/7 0/10 0/14 2/60
Chronic progressive nephropathy 53/60 47/50 48/50 54/60 55/61
Mineralization of renal papilla 17/60 15/50 15/50 13/60 20/61
Renal tubule pigment 60/60 50/50 49/50 60/60 61/61
Mononuclear cell leukemia 14/65 17/50 11/55 16/65 17/65

2 Significantly different from concurrent control, p < 0.05
b Significantly different from historical control, p < 0.05

Table 19. Incidence of tumors reported in male and female rats
following administration of DEHP (NTP 1982).

Tumor type 0 ppm 6000ppm 12000 ppm

Rats
Males

Liver carcinomas and 3/50 6/49
neoplastic nodule

12/49%

Females

Liver hepatocellular 0/50 2/49
carcinoma

Liver neoplastic nodule 0/50 4/49
6/49*

8/50%*

5/50%*

Liver carcinomas and 0/50 13/50%*

neoplastic nodule
Tumor type

Mice

Males

Liver hepatocellular 9/50 14/48
carcinoma

3000 ppm 6000 ppm

0 ppm

19/50%*
Liver hepatocellular 14/50
adenomas and

carcinomas

25/48%* 29/50%*

Females

Liver hepatocellular 0/50
carcinoma

7/50% 17/50%*
Liver hepatocellular 1/50
adenomas and

carcinomas

12/50%* 18/50%**

* Significantly different from controls, p < 0.05
** Significantly different from controls, p < 0.001

Biomonitoring studies have measured concentra-
tions of DEHP or its metabolites in the urine, blood and
breast milk of humans, such as the studies conducted by
the National Health and Nutrition Examination Surveys
(NHANES) conducted by the Centers for Disease Control
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(CDC). The results of these biomonitoring studies will
be discussed further below (Biomonitoring/Exposure
Assessment).

Metabolism

The metabolism of DEHP in animals and humans con-
sists of a complex series of reactions involving 30 or more
metabolites (ATSDR, 2002). The first step of the process
occurs rapidly in the intestines and involves the hydro-
lytic cleavage of DEHP to form MEHP and 2-ethylhexanol.
This reaction occurs through interaction with lipases
that are most abundant in the pancreas and intestinal
mucosa, but also found in other organs, such as the liver,
kidneys, lungs, skin and plasma (Albro 1986). Due to the
differences in tissue enzyme activities, the amount of
DEHP converted to MEHP and 2-ethylhexanol following
oral exposure is greater than when DEHP is absorbed fol-
lowing inhalation or dermal exposure. Once converted to
MEHP and 2-ethylhexanol, MEHP can be conjugated with
glucuronic acid for excretion (ATSDR, 2002) or metabo-
lized through oxidative pathways (Cytochromes P450).
2-Ethylhexanol is also metabolized through oxidative
pathways and excreted in the urine as 2-ethylhexanoic
acid and keto acid derivatives following 3-oxidation.

In studies in humans exposed to DEHP via the oral
route, 8 metabolites were identified in the urine with
MEHP making up 6 to 12% of the metabolites (ATSDR,
2002). When hydrolyzed urine was compared to unhy-
drolyzed urine, 65% of the metabolites were glucuronide
conjugates each being a product of oxidation of differ-
ent carbons in the 2-ethylhexyl substituent. In humans
exposed intravenously, DEHP was converted to MEHP
with levels of DEHP being higher initially, followed by a
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rapid decline in DEHP and an increase in MEHP levels
until the level eventually became almost equal (CALEPA,
1997). The urinary metabolites identified in humans are
similar to those seen in laboratory animals; however,
relative proportions differ by species, dose, and time
(ATSDR, 2002).

No data are available that characterize metabolites
of DEHP following inhalation (ATSDR, 2002). It can be
assumed that the metabolic pathway will be similar to
that following oral exposure. Lipases are present in the
lungs and epidermis (Albro 1986). However, conversion
of DEHP to MEHP and 2-ethylhexanol will likely occur
at a slower rate because the activities of these lipases are
about 0.25% of that in the pancreas (Albro 1986). Nget al.,
(1992) provided data on DEHP metabolism after dermal
application, suggesting that ~70% was absorbed based
on measurement of MEHP.

Excretion

DEHP and its metabolites are primarily eliminated in the
urine and feces in both animals and humans (ATSDR,
2002; CALEPA, 1997; Kluwe, 1982). Fecal elimination of
DEHP following oral absorption may be supplemented
by a biliary contribution, with biliary excretion rates in
animals ranging from 5 to 20%, which could confound
total absorption estimates (CALEPA, 1997). DEHP
metabolites are excreted in bile to an unknown extent,
reabsorbed in the intestine, and then eliminated in the
urine (Kluwe, 1982).

In humans receiving a single oral dose of 30mg of
DEHP, 11 to 15% of the dose was excreted as metabolites
in the urine within 48 h (ATSDR, 2002). Rats excreted
32 to 70% of the orally administered dose of DEHP
(50-300mg/kg) in the urine as metabolites, and 20 to
25% of the absorbed dose was excreted with the bile in
the fecal matter. Approximately 85 to 90% of the radio-
labeled DEHP administered orally to rats and mice was
excreted in the first 24 h following exposure. Excretion
rates in the first 24 h following exposure were lower in
dogs (67%), monkeys (50-80%), and miniature pigs
(37%).

Proposed Modes of Actions for Effects Observed

When evaluated, the mode of action (MOA) for cancer
and noncancer effects, typically, is considered separately.
It has long been assumed that, more often than not, these
adverse effects result from distinct and independent
biological events affecting different cellular processes. In
this review, MOA(s) that have been proposed for DEHP
for both the production of tumors and reproductive/
developmental toxicity were considered to determine
if these effects may have an initiating key event(s) or an
obligatory precursor event in common.

The intent of this review was not to put forth a compel-
ling, definitive hypothesis for the molecular or mecha-
nism of action of DEHP in the production of both cancer
and noncancer effects. Rather, the intent was to test a
framework for the evaluation of a chemical, in particular

the dose-response evaluation, when either the obliga-
tory precursor step or the penultimate step for cancer
and noncancer effects is hypothesized to be the same.
For example in male rats, the production of Leydig cell
tumors in aging male rats and the developmental effects
in male rats exposed during the perinatal period (in utero
and lactational) could both be due to the reduction in
testosterone levels when DEHP is administered in criti-
cal windows of physiological development, i.e. the aging
rat with regard to testicular tumors or perinatal exposure
of male rats at critical times in testosterone production
and sexual development. Stated differently, there may be
multiple pathways, either as a result of the same initiating
key event, such as receptor-mediated interactions with
resulting biological cascades of events, or to different
critical initiating key events that result in the same physi-
ological change, such as a decrease in testosterone. Such
a change could be considered the common denomina-
tor and the necessary biological change (the obligatory
precursor event) for induction of both tumors and the
observed reproductive/developmental effects, even if
the initiating key event(s) was different.

This review was intended to identify potential obliga-
tory precursor steps that could be used in refining a
PBPK model and/or in dose-response modeling, either
by applying these precursor data into the quantitative
assessment or, in the absence of specific quantitative
data, exploring the application of chemical-specific
adjustment factors or other approaches. Any evaluation
of the MOA(s) for these effects should consider:

o The basic biology of that organ system along with
physiological controls, such as feedback loops, that
explains normal functioning;

o The key steps in that biological/physiological flow of
normal functioning that could be impacted by either
changes due to aging that are exacerbated by chemi-
cal exposure resulting in changes in that cell or organ
system’s homeostasis; and,

o The key step or obligatory precursor event that pre-
sumably provides the underlying stimulus to “push”
a normally functioning organ or cell to an adverse
change, thereby, producing the observed adverse
effect.

This review of DEHP MOA focused on the last con-
sideration—the key step and/or obligatory precursor
events(s) that may be associated with the reproduc-
tive/developmental effects and tumors of the liver,
Leydig cells and pancreas discussed in previous sec-
tions. The proposed MOA of DEHP in the production
of cancer in rodents has been generally accepted as
PPARa-mediated. The MOA(s) for the reproductive/
developmental effects in male and female rodents are
not as well-characterized as that for the cancer end-
points but it has been suggested that underlying pro-
cesses involve PPAR -mediation (indicating that one
or more PPAR subtypes may be involved). While the
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proposed receptor-mediated hypotheses for reproduc-
tive/developmental effects are not limited to PPAR,
activation, there is evidence that some if not all of the
observed reproductive/developmental responses may
be mediated by members of the PPAR family of recep-
tors (i.e. PPARa, PPARY, or PPARP).

Proposed mode(s) of action for noncancer effects

The effects of DEHP on indicators of reproductive/devel-
opmental toxicity in male and female rats given DEHP at
different ages from gestation to young adults, at different
doses ranging from 0.015mg/kg/day to 750 mg/kg/day or
higher and by different routes of exposure, i.e. oral (gav-
age and diet) and inhalation were discussed in previous
sections (Akingbemi et al., 2004; Akingbemi et al., 2001;
Andrade et al., 2006¢; Andrade et al., 2006b; Andrade
et al., 2006a; Ge et al., 2007a; Grande et al., 2006; Grande
et al., 2007; Kurahashi et al., 2005; Ma et al., 2006; NTP,
2004). A complete review of reproductive /development
effects in humans and animals from exposure to DEHP
was conducted by the NTP-Center for the Evaluation of
Risks to Human Reproduction Expert Panel (Kavlock
etal., 2006). Collectively, the key findings of these studies
inmale offspring dosed perinatally included those related
to: 1) an antiandrogenic effect manifested as delays in
preputial separation (onset of puberty), increased testis
weight, nipple retention, reduced AGD, decreased tes-
ticular testosterone production, and undescended testes
(Cryptorchidism); and, 2) changes indicative of abnor-
mal Sertoli function and disruption of Sertoli-germ cell
interaction leading to bi- and multinucleated gonocytes
and decreased sperm production. In female offspring of
rats exposed perinatally, a significant delay in vaginal
opening was noted (Grande et al., 2006; Ma et al., 2006).
Delayed vaginal opening is comparable to the delay
in preputial separation seen in male offspring (David,
2006).

These effects are characteristic of some phthalates,
namely phthalate esters of straight chain (C4-C6) alco-
hols to include DEHP (a branched C6 alcohol), DBP,
and butyl benzyl phthalate, which share a common
active metabolite with DBP (David, 2006). Microarray
analyses have shown that DBP and DEHP produce a
similar pattern of gene expression changes, indicat-
ing that these phthalates target the same pathways, at
least in male development (Borch et al., 2006; Liu et al.,
2004). While potency may differ, it is thought that these
phthalates have a MOA in common; therefore, evidence
for key events with DBP could be used to qualitatively
address data gaps (David, 2006).

The overall conclusion from the data is that the effects
of DEHP are not only dose-dependent but also time-
dependent, i.e. the stage of the sexual maturation pro-
cess in both males and females during which DEHP is
administered (David 2006 among others). The Andrade
group demonstrated bi-phasic responses in a number
of parameters indicative of androgenic activity with
stimulation of testosterone production, for example, in
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the low dose region, and inhibition of same in the higher
dose groups. Further, some effects seen with perinatal
or in utero exposure were not seen with only lactational
exposure or when administered to older rats (Corton &
Lapinskas, 2005).

In males, the observed reproductive effects have been
proposed to be the result of chemical insult to either the
primordial Sertoli cells and/or the primordial Leydig
cells of the testes as the targets (Corton & Lapinskas,
2005). It is unknown if the effects occur in both types
of cells simultaneously or have a primary effect on one
specific cell type (Martino-Andrade & Chahoud, 2010).
Given the complex paracrine relationships of the two
cell types, effects in Leydig cells are likely to affect Sertoli
cells and visa versa (Martino-Andrade & Chahoud,
2010). The effects seen on each cell type may be differ-
ent and one cell type may be the primary target, while
the other is the secondary target depending on the dose
and age at which exposure to phthalates occurs (David,
2006). For this review, therefore, the potential MOAs for
effects in male rats on Leydig cells and Sertoli cells are
discussed separately and will focus on perinatal expo-
sure. In females, the target cells are likely the granulosa
cells in the ovaries (Lovekamp-Swan and Davis, 2003;
Martino-Andrade & Chahoud, 2010). In this review,
the proposed MOA following perinatal exposure only
in male and female rats is discussed because these
are the endpoints considered quantitatively in this
investigation.

Effects in male rats

Effects on Leydig cell function. The potential MOAs for
these reproductive/developmental effects in males has
been reviewed by a number of investigators to include:
Borch et al. (2006), David (2006), Martino-Andrade &
Chahoud (2010), Rider et al. (2009), Ge et al. (2007b),
Howdeshell et al. (2008), Corton & Lapinskas (2005),
Kurahashi et al. (2005), and Foster (2006) among others.
In the normal development of the structure and then
function of the male rat reproductive system, there are a
number of points in the biosynthesis of testosterone that
could be targets for DEHP.

Testosterone concentrations in peripheral blood
change dramatically throughout the life cycle of male rats
and is directly related to Leydig cell development (Cook
et al., 1999). In the rat, Leydig cells appear in the fetal
gonad by day 16 of gestation (GD16) arising exclusively
by differentiation of mesenchymal cells shortly after a
basement membrane forms around seminiferous cords
containing Sertoli cell precursors and germ cells. A post-
natal rise in testosterone also occurs but ceases within a
few hours after birth and represents not only the increase
in testosterone within the testes but also decreased clear-
ance of testosterone. A third and final peak occurs at
puberty. In the rat, this rise in testosterone occurs due
to the production of a new generation of Leydig cells
recruited from mesenchymal-like cells between 2 and 4
weeks of age.
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Some of the effects seen by Andrade and colleagues
and by Akingbemi and colleagues were consistent with
alterations in testosterone biosynthesis. These changes
could be occurring: 1) at the level of the hypothalamic-
pituitary pathway, i.e. a decrease in LH that results in a
decrease in either Leydig cell number or production of
testosterone by the Leydig cell; 2) alterations in testos-
terone metabolism to estradiol, i.e. induction in key
enzymes, such as aromatase that would increase the con-
version of testosterone to estradiol; 3) changes in brain
aromatase activity that would affect masculinization;
and/or, 4) alterations in testosterone biosynthesis by the
testes due to decreases in one or more of the enzymes
in the testosterone biosynthetic chain that begins with
cholesterol (Borch et al., 2006; Corton & Lapinskas, 2005;
David, 2006; Foster, 2006; Ge et al., 2007b; Howdeshell
et al., 2008; Martino-Andrade & Chahoud, 2010; Rider
et al., 2009). While DEHP and other structurally similar
phthalates act as antiandrogens in male rodents, these
compounds do not bind to the androgen receptor (AR)
and are not androgen receptor agonists or antagonists
(Foster et al., 2001; Mylchreest et al., 1999; Parks et al.,
2000). Also, phthalates were uniformly negative for estro-
genicity when tested in vivo in anumber of assays includ-
ing the uterotrophic assay (Corton & Lapinskas, 2005).

Critical to the induction of some of the observed
effects (i.e multinucleated gonocytes, lower sperm num-
bers) in the male rat exposed to high doses of DEHP is
the reduction in fetal testicular testosterone production
(Foster, 2006). The decrease in testosterone is mediated
by changes in gene expression in a number of enzymes
and transport proteins involved in normal testosterone
biosynthesis in the fetal and neonatal rat (Borch et al.,
2006; Foster, 2006). Another Leydig cell product, insulin-
like factor-3 (Insl-3), is also significantly down-regulated
(Borch et al., 2006; Foster, 2006) and is likely responsible
for the cryptorchidism seen at high doses with these
phthalates. Lowered testosterone levels also impact the
dihydrotestosterone-induced development of the pros-
tate and external genitalia (Foster, 2006).

The first step in the MOA of DEHP is the rapid hydro-
lysis of the diester to the monoester, mono-(ethyl-hexy-
Iphthalate) (MEHP) in the gut or shortly after absorption
(David, 2006). Once absorbed and hydrolyzed by the dam,
these monoesters can cross the placenta (Calafat et al.,
2006; Fennell et al., 2004). Once absorbed, MEHP and
other monoesters of active phthalates can interact with
the proposed target cells (Corton & Lapinskas, 2005).

Testosterone levels are dependent on the uptake
of circulating cholesterol or the de novo production of
cholesterol in the testes. A role for PPAR and another
member of the nuclear family of receptors, steroidogenic
factor-1 (SF-1), in the interference with normal choles-
terol catabolism by DEHP has been suggested by Borch
etal. (2006) and others. Corton & Lapinskas (2005) noted
that most phthalates that produce adverse effects in the
testes are strong PPAR activators and, therefore, a role for
PPAR activation by DEHP may be speculated.

In the scheme outlined by Borch et al. (2006) and
other reviews, it is suggested that MEHP binds to a PPARa.
receptor in the liver, thereby, affecting cholesterol pro-
duction and the availability of serum cholesterol, and/
or to one of the PPAR receptors on the Leydig cell mem-
brane resulting in a decrease in cholesterol uptake into
the Leydig cell by downregulation of scavenger receptor
B-1. This MEHP:PPAR interaction is also proposed to
result in the downregulation of peripheral benzodiaz-
epine receptor (PBR), which along with downregulation
of steroidogenic acute regulatory gene (StAR) reduces
the transport of cytosolic cholesterol into mitochondria
where cholesterol is metabolized to pregnenolone. MEHP
is also thought to downregulate the gene SF-1 resulting
in the downregulation of StAR and the steroid converting
enzyme, P450 side chain (P450_ ), in mitochondria either
directly or indirectly by way of PPAR  mediation. Both
StAR and PBR cooperate in the transport of cholesterol
into mitochondria, where P450__ in mitochondria con-
verts cholesterol to pregnenolone under the influence of
SF-1. Downregulation of SF-1 results in the inhibition of
cytosolic enzymes that convert pregnenolone to testoster-
one by downregulation of 3pHSD, CYP17, 17-OH, 7BHSD
and P450c17, which sequentially convert pregnenolone
to progesterone, 17-OH progesterone, androstenedione,
testosterone, and ultimately, dihydrotestosterone.
Sufficient disruption of testosterone biosynthesis would
be associated with the antiandrogenic effects seen in rats
exposed.

Alsoattributed tothedirectorindirectinteraction with
SF-1is a decline in the production of another Leydig cell
product, Insl-3, which was also significantly down-reg-
ulated by DEHP (Borch et al., 2006; Foster, 2006). Insl-3
induces the gubernacular cords to differentiate and
mature therebyinitiating the first phase in testes descent
from the kidney area to the inguinal region during fetal
life (Howdeshell et al., 2008). Decreases in Insl-3 results
in gubernacular cord underdevelopment in which these
cords become elongated or absent entirely (Howdeshell
et al., 2008). The absence of or decrements in Insl-3 is
thought to be the underlying MOA for cryptoorchidism
(Borch et al., 2006; Howdeshell et al., 2008).

The role of PPAR activation has been questioned
based on data in PPAR-null mice; however, these data are
not entirely contradictory. Focal tubular degeneration
was seen in the testes of PPARa-null mice and wild-type
mice given 12,000 ppm DEHP in the diet; however, these
effects were noted at an earlier time point, 8 weeks, in
wild-type mice than in PPARa-null, where the effects
were seen at 24 weeks (Ward et al., 1998). Gazouli et al.
(2002) noted decreased testosterone levels in wild-type
but not PPARa-null mice. Because the PPAR subtype that
may be involved in developmental toxicity in rodents
is not known with certainty, testicular toxicity could
be a function of either of the two other identified PPAR
agonists (Borch et al., 2006). Alterations in PPARY levels
were significantly altered in rats administered DEHP and
may, along with direct or indirect suppression of SF-1, be
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involved in the downregulation of steroidogenic factors
and testosterone levels resulting in adverse impacts in
the male (Borch et al., 2006).

Effects on sertoli cell function

Sertoli cells are the other major cell type in the testes and
function in the normal development and progression
of germ cells to functioning sperm cells. In fact, Sertoli
cells were the first cell type in the male reproductive
system identified as a target cell for phthalates, is indi-
cated by the reduction in sperm production in male rat
offspring exposed during the prenatal period (Andrade
et al., 2006b). The MOA for effects on Sertoli cells is not
definitively understood, and may involve interactions
with effects on Leydig cells, as noted above (Corton &
Lapinskas, 2005; David, 2006; Foster, 2006; Howdeshell
etal., 2008).

Atanassova et al., (2005) reported decreased num-
bers of Sertoli cells and decreased volume per cell
when androgen levels or other hormones, such as
follicle stimulating hormones (FSH) were reduced.
Interference with steroidogenesis in the Leydig cell
leading to decreases in testosterone levels could indi-
rectly affect Sertoli number. A direct effect of phthalates
on Sertoli cells in culture was reported by Li et al., (2000)
where exposure to DEHP resulted in a decreased cyclin
D2 expression and decreased Sertoli cell proliferation
(Li et al., 2000). Thus, there may be two potential, but
not exclusive pathways that lead to reduced Sertoli
numbers (David, 2006). A reduction in the number
of Sertoli cells leads to fewer gonocytes, (Atanassova
et al., 2005; Kleymenova et al., 2005), and ultimately
fewer mature sperm (David, 2006; Howdeshell et al.,
2008).

Another potential MOA for the effects of DEHP and
other phthalates is impaired communication between
Sertoli cells and gonocytes, leading to the inability of
gonocytes to divide (David, 2006; Howdeshell et al.,
2008). Meachem et al. (2001) suggested that a reduced
number and/or function of Sertoli cells could result in
an impaired ability of genocytes to divide because of a
lack of intercellular signals, with the result being bi- and
multinucleated gonocytes (David, 2006; Howdeshell
et al., 2008). Exposure to DBP altered the cytoskeleton in
Sertoli cells and interfered with communication between
Sertoli cells and gonocytes (Kleymenova et al., 2005).
Further, exposure to DEHP resulted in a decrease in gap
junctional intercellular communication (GJIC) by Sertoli
cells (Kang et al., 2002). Klaunig et al. (2003) noted that
inhibition of GJIC is a common associative event with
PPAR-active compounds. Consequently, interference
with intracellular communication could lead to dysgen-
esis of gonocytes, which has been noted following expo-
sure to phthalates (Fisher et al., 2003; Mylchreest et al.,
2002).

Relevance to humans. Itis suspected that some environ-
mental chemicals, such as phthalate esters, contribute
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to human testicular dysgenesis syndrome (Borch et al.,
2006; Howdeshell et al.,, 2008). Swan et al., (2005)
reported an increase in altered reproductive develop-
ment in infant sons of mothers exposed to phthalates
during pregnancy. Based on current understanding of
the potential role of phthalates in male reproductive/
developmental processes, the actions of DEHP and other
phthalates can reasonably be expected to be relevant to
human health reproductive outcomes.

Effects in female rats

The effects of DEHP on reproductive/developmental
systems have been evaluated in female rats admin-
istered DEHP by the oral route (Grande et al., 2006;
Grande et al., 2007; Lovekamp-Swan and Davis, 2003;
NTP, 2004) and the inhalation route (Ma et al., 2006).
These effects included: 1) a significant delay in days to
vaginal opening (Grande et al., 2006; Ma et al., 2006); 2)
an increase in the number of ovarian tertiary follicles
undergoing atresia (Grande et al., 2007); 3) decreases
in the age of first estrous cycle, and estradiol, LH and
aromatase levels (Ma et al., 2006); and, 4) an increase
in the number of females with irregular estrus cyclic-
ity (Ma et al., 2006). These effects on the female rat
reproductive system have been reviewed by Lovekamp-
Swan and Davis (2003), Howdeshell et al. (2008), and
Martion-Andrade and Chahoud (2010). Lovekamp-
Swan and Davis (2003) proposed the hypothesis
that MEHP acts on the granulosa cell in the ovary by
decreasing cAMP stimulated by FSH and by activating
PPAR_ leading to decreased aromatase transcription.
The sequence of events that has been hypothesized
in these reviews includes: 1) actions on the granulosa
membrane to inhibit FSH-stimulated cAMP, possibly
through activation of an inhibitory G-protein; 2) acti-
vation of PPAR_ once inside the granulosa cell; and, 3)
decreased transcription of aromatase by PPARa and
PPARy leading to decreased estradiol synthesis and
increased estradiol catabolism. Lovekamp-Swan and
Davis (2003) have also hypothesized that activation
of PPARY disrupts the critical timing of growth and
differentiation of ovarian follicles. Further, increased
conversion of estradiol to estrone in both the liver
and granulosa cell, with contributions from Theca
cells, could result in decreased serum estradiol levels
after DEHP treatment (Lovekamp-Swan and Davis,
2003).

Relevance to humans. Ovarian hormone produc-
tion pathways are similar in rodents and humans
(Lovekamp-Swan and Davis, 2003). PPARY is expressed
in both the human and rodent ovary, and MEHP has
been shown to stimulate the transcriptional activity of
both human and rodent PPARY (Lovekamp-Swan and
Davis, 2003). Therefore, DEHP, through its metabo-
lite, MEHP, could suppress aromatase in the human
ovary leading to adverse reproductive/developmental
effects.



24 P.Robinan Gentry et al.

Proposed mode(s) of action for cancer effects

Chronic bioassays have been conducted in rats to evalu-
ate the carcinogenicity of DEHP (David et al., 1999; David
et al., 2000a; David et al., 2000b; NTP, 1982; Voss et al.,
2005). Statistically significant increases in liver adenomas
and carcinomas and pancreatic acinar tumors were
reported in male or female rats, and Leydig cell tumors
in male rats. The possible MOAs for the induction of
liver, Leydig cell, and pancreatic acinar cell tumors in
rats administered DEHP, liver) and other PPARa active
compounds (all three tumor types) have been reviewed
by a number of investigators (David et al., 1999; Klaunig
etal., 2003; Rusyn et al., 2006; Rusyn et al., 2000; Seo et al.,
2004). The MOA for the induction of liver, Leydig cell,
and acinar pancreatic tumors is thought to be PPAR-a
mediated (Klaunig et al., 2003). However, direct experi-
mental evidence for this MOA specifically with DEHP for
Leydig cell and pancreatic acinar cell tumors is lacking.
Consequently, in order to identify potential obligatory
precursor events for which there may be DEHP-specific
data, proposed MOAs for other PPARa.-active compounds
are discussed for the latter tumor types. This review is lim-
ited to MOA data based on tumors in rats as these are the
endpoints selected for consideration in this investigation,
and further, Leydig cell and pancreatic acinar cell tumors
have not been produced in mice (Klaunig et al., 2003).

Liver tumors in male and female rats

MOA for liver tumors

It is generally accepted that the tumors in rodents are
caused by a PPARa-mediated MOA (Foster, 2006; Klaunig
et al., 2003). Activation of the PPAR« receptor is a well-
characterized, nongenotoxic MOA causally related to
the induction of rodent liver tumors and thought to be
specific to rodent livers (Ashby et al., 1994; Bentley et al.,
1993; Cattley et al., 1998; Chevalier and Roberts, 1998;
Klaunig et al., 2003; USEPA, 2003; USEPA, 2005) PPARa
is a member of the nuclear hormone receptor super-
family of ligand-activated transcription factors that is
activated by PPARa agonists (Klaunig et al., 2003). The
following sequence has been proposed for PPARa active
compounds: 1) formation of a heterodimer with retinoid
X-receptor (RXR) in the cytoplasm; 2) transport of the
ligand/RXR to the nucleus where it binds to a particular
sequence within the promoter region on target genes
at specific peroxisome proliferators response elements
and, 3) producing changes in gene expression (Shaban
etal., 2005).

A well-characterized set of biochemical and cellular
events has been identified in susceptible rodent strains
that include the following: 1) PPARa activation; 2) sus-
tained increase in the transcription of genes involved in
peroxisome proliferation, cell cycle/apoptosis, and lipid
metabolism; 3) increases in fatty acid $-oxidation lead-
ing to oxidative stress; 4) sustained hepatomegaly; 5)
stimulation of non-parenchymal cells and inhibition of
gap junction intercellular communication, both of which
could contribute to the induction of cell proliferation;

and, 6) increased cell proliferation and decreased apopto-
sis leading to proliferation of DNA-damaged cells result-
ing in hyperplasia and hepatic tumors (Cattley, 2004;
Cattley et al., 1998; Klaunig et al., 2003; USEPA, 2003). The
experimental data provided evidence that DEHP is active
in altering all of these key events (Klaunig et al., 2003)
and that the primary MOA of DEHP in the production of
hepatic tumors is by activation of the PPARa receptor.

Guyton et al. (2009) have suggested a PPARa-
independent MOA for the production of liver tumors
in rodents. DEHP has recently been shown to produce
and increase in adenomas but not carcinomas in Sv/129
PPARa null-mice; however, in PPARo. competent mice,
DEHP did not cause a significant increase in either
adenomas or carcinomas (Ito et al., 2007). In contrast,
in PPARa competent B6C3F1 mice, DEHP produced a
significant increase in both adenomas and carcinomas
(David et al., 1999). Ito et al. (2007) stated that their
results suggested the existence of a PPARa-independent
pathway. An alternative explanation is the over-expres-
sion of PPARy in the null mice. According to Klaunig
etal. (2003), there is considerable “cross-talk” among the
subtype PPAR receptors, and according to DeLuca et al.
(2000), agents that have some affinity for PPARy could
induce some, if not all, of the pleiotropic effects of per-
oxisomal proliferation in mice lacking functional PPARa
receptors.

Relevance to humans. Both experimental and epi-
demiological data indicate that the early key events
associated with PPARa activation in rodents are pos-
sible in humans but there is a lack of concordance
between rodents and humans for the downstream
events associated with the development of liver tumors
in rodents due to species differences in both pharma-
cokinetics and pharmacodynamics (Rodricks et al.,
2010). Epidemiological studies of humans chronically
exposed to hypolipidemic drugs (Bentley et al., 1993;
Cattley et al., 1998; IARC, 1995) and cancer studies in
non-human primates (Tucker & Orton, 1995) suggest
that PPARa agonists do not induce liver tumors in
humans. Analyses of liver biopsies of patients treated
with therapeutic doses of hypolipidemic drugs showed
only slight or no increases in peroxisome numbers or
volume density (Bentley et al., 1993; Hanefeld et al.,
1983; Hinton et al., 1986). It is generally agreed that
development of liver tumors in rodents is not relevant
to human health (Klaunig et al., 2003; USEPA, 2003).

Pancreatic acinar tumors in male and female rats

Proposed MOA for pancreatic acinar tumors

Several PPARa activating compounds have been shown
to induce pancreatic acinar cell hyperplasia and neo-
plasia in rats (Biegel et al., 2001; Obourn et al., 1997a).
PPAR-induced cholestasis in rats has been associated
with increased levels of cholecystokinin (CCK), and
intestinal growth factors that stimulates release of diges-
tive enzymes from pancreatic acinar cells, and also
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induce pancreatic acinar cell growth and proliferation
(Longnecker, 1987; Obourn et al., 1997a; Obourn et al.,
1997b; Tangoku et al., 1993). In studies where bile flow
was diverted by cannulation of the bile duct, plasma CCK
levels were elevated (Li et al., 1995; Louie et al., 1986).
Studies have shown in rats that PPARa activation in the
liver resulted in alteration of bile acid biosynthesis, secre-
tion, and bile composition (Hunt et al., 2000; Post et al.,
2001). Obourn et al. (1997a) observed increased total
bile acids, serum adenine phosphotase and bilirubin in
serum, and decreased concentrations of total bile acids
and bile flow relative to liver weight, changes consis-
tent with cholestasis, in male rats receiving ammonium
perfluorooctanoate (PFOA) for 6 months. Plasma CCK
levels and mean pancreatic weights were also signifi-
cantly increased. Based on these findings, Obourn et al.
(1997a) suggested that the increase in pancreatic weights
observed in WY 14,643 (WY)-treated rats were the result
of elevated levels of CCK that occurred in response to
cholestasis, and speculated that sustained low-level
increases in CCK might result in pancreatic acinar cell
hyperplasia, focal proliferation within the pancreas, and
eventually formation of pancreatic acinar cell tumors.

Available data support the following working
hypothesis for pancreatic acinar cell hyperplasia and
neoplasia in male rats: (1) activation of PPARa in
hepatocytes results in the down-regulation of enzymes
that are involved in the synthesis of bile acids and
cholestasis; (2) cholestasis serves as a chronic signal
to the intestinal mucosal cells to release CCK into the
systemic circulation; and, (3) the prolonged increase
in CCK levels causes cell proliferation and eventually
acinar cell adenoma formation.

Relevance to humans. In contrast, the control of growth
of human pancreatic acinar cells does not appear to be
mediated by CCK (Ji et al., 2001; Ji et al., 2002). Rather,
in the human pancreatic cells, cellular proliferation
appears to be mediated via the activation of a mitogen
activated protein kinase pathway in response to a cho-
linergic signal (2001). Moreover, neither CCK nor gas-
trin receptors were expressed in human acinar cells (Ji
et al., 2001). Based on these results, Ji et al. (2001; 2002)
concluded that increases in CCK or gastrin would not be
expected to stimulate pancreatic acinar cell growth in
humans, and that agents that increase the levels of these
hormones would not result in altered pancreatic func-
tion or size. The results of monitoring of PFO-exposed
workers indicated no evidence of cholestasis, increases
in CCK levels, or acinar cell proliferation (Olsen et al.,
2000).

Because activation of PPARa appears to be an oblig-
atory precursor event for the formation of pancreatic
acinar tumors by PPs in the rat, this process is assumed
to occur via a nonlinear or threshold mode of action.
However, the lack of CCK receptors and absence of a
proliferative response to CCK in human pancreatic aci-
nar cells suggest that this mechanism is not operative
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in humans. Consequently, the mechanism(s) by which
PPs induce pancreatic acinar cell tumors in rats may
not be relevant to human health. However, the USEPA
PPAR Working Group (USEPA, 2003) maintains that
the relevance of these tumors to human health is
unknown.

Leydig cell tumors

MOA for Leydig cell tumors

Several PPAR active compounds have been shown to
induce Leydig cell hyperplasia and neoplasia in aged
male rats (Ashby et al., 1994; Bentley et al., 1993; Biegel
etal., 2001; Biegel et al., 1995; Cook et al., 1992; Mennear,
1988; Sibinski, 1988). Leydig cell tumors in rats are fre-
quently associated with conditions that increase LH lev-
els, presumably due to the trophic hormone’s mitogenic
effects (Clegg et al., 1997; Cook et al., 1999). However, this
common mechanism appears not to be responsible for
PPAR-induced Leydig cell tumorigenesis, as LH levels
were not significantly altered in rats treated with PFOA or
the WY (Biegel et al., 2001; Cook et al., 1992).

Two pathways have been hypothesized by which
PPARa agonists can induce Leydig cell tumors. One
proposed pathway, Pathway A, is indirect in that PPARa
activation occurs in the liver leading to an induction of
the aromatase gene and increased CYP19A2 activity,
increased production of aromatase with the subsequent
increase in conversion of testosterone to 17-f3 estradiol
and sustained elevation of serum and testicular estradiol
levels (Cook et al., 1999; Cook et al., 1992; Klaunig et al.,
2003). Increased levels of estradiol were seen following
administration of ~13.6mg PFOA/kg/day for 2 years
(Biegel et al., 1995). Inhibition of testosterone steroido-
genesis in rats has been shown to result in an increased
expression of mitogenic growth factors, such as trans-
forming growth factor o (TGFa), in the testis (Biegel
etal., 2001; Cook et al., 1999; Gazouli et al., 2002; Klaunig
etal., 2003). Aging-related increases in serum estradiol is
temporally associated with spontaneous development of
Leydig cell hyperplasia and neoplasia in Fischer 344 rats
(Rao and SubbaRao, 1995; Turek and Desjardins, 1979)
and Wistar rats (Herath et al., 2001) is consistent with a
causal relationship between the two. PFOA affected sex
hormone production and/or release in isolated Leydig
cells in vitro (Biegel et al., 1995; Liu et al., 1996). As noted
in the section on developmental toxicity, the working
hypothesis for Pathway A would be: 1) PPARs modulate
the activities of several major hepatic sex steroid-me-
tabolizing enzymes, including induction of cytochrome
P450 19A1 (CYP19A1; aromatase) and repression of cyto-
chrome P450 2C11 (CYP2C11), via a PPARa.-dependent
mechanism(s) in the liver; 2) altered hepatic enzyme
activities result in sustained elevation of serum and tes-
ticular estradiol levels; 3) increased estradiol levels in the
testis stimulate secretion of TGFa, a Leydig cell mitogen;
and, 4) TGFa causes Leydig cell hyperplasia and ade-
noma formation (Biegel et al., 2001; Biegel et al., 1995;
Cook et al., 1999; Cook et al., 1992; Klaunig et al., 2003).
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The mechanism(s) by which elevated levels of estradiol
and TGFa (and/or other growth factors) might result in
PPAR-induced Leydig cell hyperplasia and neoplasia
have not been fully elucidated, and results of studies with
phthalates suggest that complex interactions among
multiple signaling pathways are involved (Akingbemi
et al.,, 2004). However, available data are consistent
with the hypothesis that rat-specific, PPARa-dependent
hepatic effects are prerequisite for PFOA-induced Leydig
cell hyperplasia and neoplasia.

The second pathway, Pathway B, involves direct inhi-
bition of testosterone biosynthesis at the level of the tes-
tes (Klaunig et al., 2003). The biological events by which
a PPAR active compound can affect steroidogenesis have
been discussed in the section (Effects on Sertoli cell
function section) for the hypothesized MOA reproduc-
tive/developmental effects beginning with the inhibition
of PBR with the resulting cascade of events. Decreased
testosterone levels can then result in the upregulation of
LH. The sustained signal of LH on the Leydig cell from LH
stimulation would then result in Leydig cell proliferation
and the production of Leydig cell tumors.

Relevance to humans. Leydig cell tumors are very com-
mon in rodents but extremely rare in humans, account-
ing for about 0.01% of all cancers in human males, with
an estimated age-adjusted incidence of only 0.00004%
(Bosland, 1996; Clegg et al., 1997; Cook et al., 1999).
Quantitative and qualitative differences documented
between rat and human hepatic PPARa indicate that the
human response to PPARs is both more limited in scope
and less intense than that of rats. Consequently, the
downstream consequences of the activation of PPARa
(e.g. increases in estradiol) would also be quantitatively
and qualitatively different. Mice and monkeys, species
considered to better reflect human biology in this regard,
do not develop Leydig cell adenomas in response to
PPARs.

No specific chemical exposures have been associ-
ated with testicular cancer risk in humans (Bosland,
1996); the known risk factors are (1) heritable disorders
of the endocrine system such as congenital adrenal
hyperplasia and androgen insensitivity syndrome, (2)
Klinefelter’s syndrome, and (3) cryptorchidism, condi-
tions that are not exacerbated by exposures to PPARs.
Despite widespread human exposure to agents known
to induce Leydig cell hyperplasia and neoplasia in
rats (including nicotine, lactose, 1,3-butadiene, cad-
mium, trichloroethylene, MTBE, fibrate hypolipidemic
drugs and other PPARs such as PFO), the incidence
of clinically apparent Leydig cell adenomas has not
increased (Bosland, 1996; Clegg et al., 1997; Cook et al.,
1999). Workers exposed to relatively high concentra-
tions of PFO for multiple years have not experienced
either alterations in reproductive hormone levels or
increased incidence of testicular tumors (Alexander,
2001; Alexander et al., 2003; Gilliland and Mandel,
1993; Olsen et al., 1998; Ubel et al., 1980; Walrath,

1996). Similarly, there were no changes in reproductive
hormone levels or Leydig cell proliferation in monkeys
treated with PFOA (Butenhoff et al., 2002; Goldenthal
et al., 1978; Thomford, 2000). Thus, the biochemical
cascade of events that resulted in increased estradiol
and/or decreased testosterone levels and Leydig cell
tumors in rats does not appear to occur in monkeys or
humans exposed to other PPAR active compounds.

Based on species differences in endocrine regulation
and Leydig cell tumor biology, as well as differences in
hepatic (and possibly testicular) effects mediated by
PPARs, the events associated with tumorigenesis in
rats and humans are likely to be mechanistically dis-
tinct; therefore, PPAR active compounds are unlikely to
cause Leydig cell hyperplasia or neoplasia in humans.
Because workers and hypolipidemic drug patients
receive relatively high and prolonged levels of exposure
to PPARs compared to those likely to be experienced by
the general public without signs of Leydig cell effects
that would be indicative of potential tumorigenesis in
Leydig cells, it is not expected that the general popula-
tion would experience PPAR-induced effects on Leydig
cells.

Traditional/conventional approaches for
characterizing dose-response

Typically, dose-response assessments have been con-
ducted for noncancer and cancer endpoints separately
because of the assumptions about the unspecified but
presumed underlying modes of action for these types of
toxicity. It has traditionally been assumed that noncan-
cer endpoints had a threshold below which the adverse
effect was not expected to occur. In the assessment of
cancer endpoints, however, it was assumed that devel-
opment of cancer occurred by biological processes that
were linear in the low-dose region and did not have a
threshold; that is, any amount of exposure, no matter
how small, was assumed to have some probability of
causing cancer, even if that probability was vanishingly
small.

In either case, one element in common with both
noncancer and cancer dose-response assessment was
to rely on the endpoint assumed to be the most sensitive
endpoint in the most sensitive species, based largely on
statistical considerations. The challenge with noncancer
risk assessments was to identify a No Observed Adverse
Effect Level (NOAEL), which was sometimes indistin-
guishable from the No Observed Effect Level usually
because of the lack of definitive data. Once the critical
NOAEL is identified, this value is then divided by a series
of Safety or Uncertainty Factors (UFs), typically factors
of 10, to usually address three elements of uncertainty:
1) extrapolation across and within species; 2) adjust-
ment for duration of exposure (subchronic to chronic);
and, 3) consideration of database limitations. The result
is an “acceptable” exposure level, that is, a Reference
Dose (RfD) or Reference Concentration (RfC) for
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noncancer endpoints by the oral and inhalation routes,
respectively.

While noncancer dose-response assessments have
traditionally relied upon the selection of a dose from
the critical study, because of the assumption of a
linear, non-threshold dose-response for cancer end-
points, mathematical models, in particular the Linear
Multistage model, which is a statistical treatment of the
assumed linear biological processes leading to cancer,
have been applied (USEPA, 1986; USEPA, 1999; USEPA,
2005). The resulting output is a Cancer Slope Factor
(CSF) or Unit Risk (UR) estimate which is defined as
the probability of developing cancer in a million per-
sons exposed similarly to the chemical of interest for
an entire lifetime at a dose of 1 mg/kg/day or 1 mg/m?.
Rather than the application of UFs, in a traditional can-
cer dose-response assessment, extrapolation across
species was assumed to be accomplished by converting
the administered dose in the animal study to a human
equivalent dose by scaling initially by comparative sur-
face area (body weight*?). In the last decade, this scal-
ing factor has been revised to be comparative by body
weight**. 'Low dose extrapolation and consideration of
uncertainty were addressed by the linear extrapolation
outside of the observable range to specified risk levels
(policy derived) and by selecting the statistical upper
bound (95th percentile upper confidence limit) on the
most likely estimate of dose at the specified risk level,
respectively. As with noncancer endpoints, uncertainty
was not explicitly quantified.

With the recent attempts to harmonize noncancer and
cancer risk assessment, both approaches have focused
on two major steps in the quantitative characterization
of potential health effects. The first is the use of the data
in the observable region of the dose-response curve to
derive a point of departure (POD),? which can be derived
two ways— use of the NOAEL/LOAEL approach and/or
the application of mathematical modeling, in particular
Benchmark Dose modeling. In either case, extrapolation
to lower exposures and consideration of study design
and potential uncertainties in the data are assumed to be
accomplished by the use of uncertainty factors (UFs).

The following sections provide a demonstration of the
application of these traditional approaches in the deriva-
tion of a POD for both cancer and noncancer endpoints
for DEHP. These traditional assessments will provide
a “baseline” range of PODs for comparison to PODs

! When considering cancer endpoints, the use of a species scaling factor
based on comparative surface area still forms the basis for the extrapola-
tion across species for the vast majority of chemicals listed in IRIS. This
is the case because the original assessment of the carcinogenic potency
of these chemicals was derived prior to the recommended and subse-
quently implemented change to a comparative body weight scaling
USEPA. (1996). Proposed Guidelines for Carcinogen Risk Assessment.
EPA/600/P-92/003C. Office of Research and Development, Washington,
DC. April, 1996.. Further, not all regulatory bodies, such as the State of
California’s Prop 65 program, have adopted the newest species scaling
approach of body weight®/4,
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developed following the incorporation of alternative
approaches into dose-response assessments.

Estimation of a POD for noncancer endpoints using a
NOAEL/LOAEL approach

After a review of the data for a compound, one study and
one data set in that study is typically relied upon to esti-
mate a POD for noncancer endpoints. In this case study,
several studies and endpoints that could potentially serve
as the basis for the POD were identified and evaluated
to illustrate the impact that the use of different studies
or endpoints and different decisions made when using
these data can have on characterizing the dose-response
for a compound. For this initial “baseline” approach,
the recent reproductive/developmental data for DEHP
were focused on to determine an oral and an inhalation
NOAEL/LOAEL that could serve as the basis for a POD.

Determination of an Oral NOAEL/LOAEL

Following oral exposure to DEHP, the available toxico-
logical data suggest that the most sensitive effects and
those most likely to provide the basis for a POD have
been reproductive/developmental effects (ATSDR, 2002;
Kavlock et al., 2006). As noted in the previous sections,
various developmental effects have been observed in
both male and female animals over similar dose ranges.
The effects noted range from observational effects, such
as a change in anogenital distance in male offspring, to
dose-related changesinhormonelevels, such asincreases
in serum testosterone. When relying upon reproductive/
developmental effects as the basis for the derivation
of a POD, changes in normal endocrine balance in the
developing organism can have a significant impact on
the development and eventual capabilities and function
of the reproductive system. In conducting noncancer
dose-response assessments for other organ systems in
the adult, such subtle changes in clinical chemistry are
not typically relied upon, as the mechanisms to maintain
homeostasis are more developed in the adult.

A wide range of NOAELs/LOAELS can be identified
for DEHP noncancer effects (Table 20), depending on
the endpoint, with the more sensitive endpoints and the
lowest doses tested reported by Andrade and coworkers
(2006¢; 2006b; 2006a) in male and female rats following
in utero/lactational exposure. Evaluation of the multiple
endpoints in these studies in a traditional manner when
determining a POD would focus on the most sensitive
endpoint in the most sensitive species in a single study
from a statistical perspective. This type of approach
may or may not consider the differences in impact on
reproductive/developmental parameters based on
window of exposure and differences in time of observa-
tion of an endpoint, which are critical in the assessment

2 A “point of departure” (POD) marks the beginning of extrapolation to
lower doses. The POD is an estimated dose (usually expressed in human-
equivalent terms) near the lower end of the observed range, without
significant extrapolation to lower doses.
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Table 20. NOAELs/LOAELs for reproductive/development endpoints based on evaluation of statistical results.

Study Sex/ species Endpoint NOAEL/LOAEL

Oral Females

Andrade et al., Male offspring of Wistar Delay in day of preputial opening (quantified into 5mg/kg/day / 15mg/kg/day
2006a rats <38and > 38)

Grande et al., 2006
Grande et al., 2007
NTP 2004

Oral males

Akingbemi et al.,
2001

Andrade et al.,
2006a

Andrade et al.,
2006b

Andrade et al.,
2006¢

NTP 2004

Inhalation - Females
Ma et al., 2006

Inhalation - males

Kurahashi et al.,
2005

Female offspring of
Wistar rats

Female offspring of
Wistar females

Female offspring of
Sprague-Dawley females

Male offspring of Long
Evans rats

Male offspring of Wistar
Rats

Male offspring of Wistar
females

Male offspring of Wistar
females

Male offspring of
Sprague-Dawley females

Female Wistar-Imamichi
rats

Male Wistar rats

Increase in aromatase activity in the
hypothalamic/preoptic area (females) PND22

Age at vaginal opening

Increased incidence of tertiary aretic follicles in
females

Age at vaginal opening (F, F, and F,)

Decreased Leydig cell production (PND 21-34)
measured LH stimulated testosterone and basal
testosterone at PND35

Decreased Leydig cell production (PND 35-48)
measured LH stimulated testosterone and basal
testosterone at PND49

Inhibition of steroidogenic enzyme activity (PND
35-48) 17BHSD, 3pHSD, P450 and P450-17alpha

Significantly decreased serum LH concentrations
in males (PND 21 and 35) gestation dosing

Significantly decreased serum T concentrations in
males (PND 21 and 35) lactation dosing

Significant decrease in basal Leydig cell
production (PND 21-120) PND 120

Significant decrease in basal Leydig cell
production (PND 21-90) PND 90

Significant increase in E2 levels (PND 21-48)
Significant increase in Leydig cell number (PND
21-90)

Significant increase in LH and T levels (PND
21-120) PND 120

Significant increase in LH and T levels (PND
21-90) PND 90

Increase in anogenital distance PND 22

bi- and multinucleated (enlarged) gonocytes (PND
1) in male offspring

decrease in aromatase activity in the
hypothalamic/preoptic area (males) PND1

increase in aromatase activity in the
hypothalamic/preoptic area (males) PND1

decreased sperm production
increased serum testosterone (males)

significant decrease pup weight

delay in day of preputial separation (F, and F,)
delay in day of preputial separation (F,)

delay in day of testicular descent (F,)

delay in day of testicular descent (F, and F,)

significant decrease in AGD

Age at vaginal opening - experiment 1 (exposure
PND 22-41)
Age at vaginal opening - experiment 2 (exposure
PND 22-84)

increased plasma testosterone (8 weeks)
increased seminal vesicle weight (8 weeks)

135mg/kg/day / 405 mg/kg/
day

5mg/kg/day / 15mg/kg/day
5mg/kg/day / 15mg/kg/day

1000 ppm/7500 ppm

10mg/kg/day / 100 mg/kg/day

1mg/kg/day / 10 mg/kg/day

10 mg/kg/day / 100 mg/kg/day
NA/ 100mg/kg/day
No effects observed
NA / 10mg/kg/day
NA / 10mg/kg/day

NA / 10mg/kg/day
NA / 10mg/kg/day

10mg/kg/day /100 mg/kg/day
NA / 10mg/kg/day

NA /0.015mg/kg/day
45mg/kg/day / 135 mg/kg/day

0.045mg/kg/day / 0.135mg/
kg/day
5mg/kg/day / 15mg/kg/day

0.015mg/kg/day / 0.045mg/
kg/day

*4%0.045, 0.405, 405 mg/kg/day
(only significant increases)

7500 ppm/10000 ppm
1000 ppm/7500 ppm
NA/10 ppm
10ppm/30 ppm

1000 ppm/7500 ppm
1000 ppm/ 7500 ppm

NA / 5mg/m3

NA / 5mg/m3

NA/ 5mg/m3
NA/5mg/m3
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of reproductive/developmental effects and their poten-
tial relevance to human health. The focus of this section
will be the POD selected if decisions were made strictly
based on statistical results with little consideration of
biological underpinnings and whether or not an end-
point should be considered “adverse”.

In the Andrade et al. (2006c; 2006b; 2006a) studies
(Tables 3, 5, 7), the dose associated with the lowest statis-
tically significant change in response is 0.015 mg/kg/day
reported by Andrade et al. (2006a). The change reported
at this dose level is an increase in anogenital distance in
male rats at postnatal day (PND) 22, following in utero/
lactational exposure to DEHP. While statistically signifi-
cantly different from controls, it is an increase, in con-
trast to decreases in distance anticipated based on the
proposed antiandrogenic effects of phthalates reported
in the literature, with no significant changes observed in
this endpoint in mid doses (0.045 to 135mg/kg/day). A
significant decrease in this parameter was reported only
at the highest dose tested (405 mg/kg/day). These results
suggest that additional information outside of the results
provided in the study would be needed to determine the
potential relevance of this result and whether the POD
should be 0.015 versus 405 mg/kg/day.

No other statistically significant change was reported
by Andrade et al., (2006a) in male or female rats at the
0.015mg/kg/day dose level. At the next highest dose
(0.045mg/kg/day), a significant increase in serum tes-
tosterone and a significant decrease in sperm production
were reported at PND 144 by Andrade et al. (2006c). A
comparison of sperm production in the treated males
with the concurrent control animals indicated a signifi-
cant decrease (<25%) in sperm production in all treated
groups administered 0.045mg/kg/day and greater.
However, a comparison to historical controls indicated
a statistically significant difference at doses of 1.215, 15,
45, 135, and 405mg/kg/day. The use of either of these
endpoints to estimate the POD would suggest a NOAEL
0f 0.015 or 0.405 mg/kg/day. It must be considered, how-
ever, when relying upon an endpoint such as changes in
sperm production whether this change would actually
result in an adverse effect.

The authors noted that the reduction in sperm produc-
tion up to 5 mg/kg/day was within the variability of recent
historical controls, and therefore not biologically signifi-
cant. The authors also suggested that a reduction of 20%
or greater in sperm production (seen at doses of 15, 135
and 405 mg/kg/day) should be used as a cut-off value for
biologically relevant effects as this change in production
could result in subfertility (increased time to conception)
in humans. However, no impact on reproductive perfor-
mance was noted in the male rats and the authors noted
that a reduction of up to 90% of sperm production in the
rat may not adversely affect fertility. This would suggest
species differences that may be critical in the estimation
ofthe POD based on this endpoint, but the data to confirm
this difference may not be available. However, depend-
ing upon the acceptance of the arguments provided by
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the authors, a POD of 5mg/kg/day could be justified.
It could also be concluded that because there was no
impact on reproductive performance in these male rats
that the decrease in sperm production observed does not
represent an adverse effect, resulting in the highest dose
tested being identified as a NOAEL (405 mg/kg/day) for
this endpoint.

For the remainder of the endpoints evaluated by
Andrade and co-workers, a consistent dose-related
pattern of change in endpoints was not observed until
doses of 15 mg/kg/day were administered. At this dose
level, significant changes in the age at vaginal opening
were observed in female rats and the day of preputial
separation in the male rat, both of which are an indi-
cator of the onset of puberty, respectively. A significant
delay in onset is noted in both sexes at doses of 15mg/
kg/day and above, supporting a NOAEL or POD of 5 mg/
kg/day.

Using only the results of statistical analyses to make
decisions regarding the POD could result in the selec-
tion of NOAELs ranging from 0.015 to 405mg/kg/day,
depending upon the rationale applied. Additional data
and approaches need to be incorporated to refine the
doses that may be representative of a threshold for the
effects observed.

Determination of an inhalation NOAEC/LOAEC

Without the incorporation of PBPK modeling, the tradi-
tional approach has considered only those studies by the
inhalation route of exposure for the derivation of a POD
to serve as the basis for a Reference Concentration (RfC).
In the case of DEHP, few inhalation studies have been
conducted.

The most recent studies that could be considered in
the derivation of a traditional NOAEC/LOAEC or POD are
those conducted by Kurahashi et al. (2005) and Ma et al.
(2006). These studies were conducted by a single group of
investigators and focused on the evaluation of the impact
of inhalation exposure of DEHP to male and female
Wistar rats. As detailed previously, Kurahashi et al. (2005)
focused on the effects in male rats, while Ma et al. (2006)
focused on the effects in female rats following exposure
to 0, 5 or 25 mg/m?* DEHP for 6 h/day, 5 days/week.

In contrastto theresults following oral exposure inrats,
female rats appeared to be more sensitive to inhalation
of DEHP. A statistically significant concentration-related
decrease in the age of vaginal opening and age at first
estrous was observed in female rats following inhalation
exposure to 5 or 25mg/m?® DEHP on PND 22 to 41 or 22
to 84 (Table 15). Statistically significant concentration-re-
lated changes were also observed in male rats, including
increases in seminal vesicle weight and serum testoster-
one levels. However, these effects were only observed fol-
lowing 8 weeks of exposure, while significant effects were
observed in females following 4 weeks of exposure. This
may be a difference in duration of exposure, but could
also be attributed to exposure during critical windows of
development. Regardless of whether the results in males
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or females are relied upon, a LOAEC of 5mg/m?®would be
the POD to derive an RfC, with no NOAEC identified.

Consideration of mathematical modeling in the
determination of a POD for noncancer

In the last decade, advances have been made in both
noncancer and cancer dose-response assessments.
While always recommended in the determination of an
acceptable toxicity value or a POD for cancer endpoints,
mathematical models (i.e. Benchmark Dose (BMD)
modeling) are now recommended for use in noncancer
dose-response assessments, when the appropriate data
are available, to estimate the POD then used in the deri-
vation of an RfD or RfC rather than a NOAEL/LOAEL. The
value typically used as the POD when BMD modeling is
applied is the statistical lower confidence bound on the
BMD, termed the BMDL. The BMDL is the value esti-
mated to result in a specified increase in risk or change
in response; the specified risk or response level is termed
the Benchmark Response (BMR) level, and doses cor-
responding to that level. The BMD approach has several
advantages over the NOAEL approach:

o The BMD approach, unlike the NOAEL, takes into
account the dose-response information (i.e. the
shape of the dose-response curve);

o The BMD approach does not involve sometimes
argumentative “all or nothing” decisions, such as
determining whether or not a NOAEL was defined at
a particular dose;

o The value of the lower confidence limit appropriately
reflects the uncertainty associated with the sample
size of the study (smaller studies have lower confi-
dence and thus tend to result in wider confidence
limitsand lower BMDs, whereas the opposite is true
for NOAELSs); and,

¢ A benchmark dose can be determined even when a
NOAEL has not been identified in a study.

The BMD approach has been recommended as the
basis for the derivation of toxicity values because it is
an approach without some of the limitations inherent
in the NOAEL approach, and, therefore, recommended
as a means to improve noncancer toxicity assessment
(Barnes et al., 1995). When deriving an RfC or RfD based
on the BMDL, the same sets of UFs would be applied to
the POD as were used in the NOAEL/LOAEL approach.
This approach is also similar to that used in cancer dose-
response modeling, with the use of different terminol-
ogy (i.e. BMDL, versus LED, ), but a similar concept.

Model Selection

In the application of the BMD approach, various
models are available to choose from using the USEPA
program BMDS (USEPA, 2000a). These models enable
the risk assessor to conduct dose-response modeling
for both quantal (e.g. incidence data) and continu-
ous (e.g. changes in serum testosterone) endpoints. A

brief description of the available models is provided in
Appendix A. The model relied upon most often is the
Multistage model, which is the standard model applied
for cancer dose-response modeling as well. Several
additional models are available and can be applied to
attempt to better characterize the dose-response curve
for individual endpoints.

In making a final determination of the model to be
relied upon for estimating the BMDL or POD, there are
many considerations. The fit of the model to the data
is usually a determining factor in the selection of the
dataset to be relied upon in the selection of the POD.
The BMDS program provides two statistical values, the
Akaike Information Criterion (AIC) (Akaike 1974) and
the goodness-of-fit p-value, which provide an estimate
of the fit of the model to the data. In conducting BMD
modeling for risk assessment purposes, the USEPA pre-
fers data sets with model goodness-of-fit p-values of 0.1
or greater (USEPA, 2000a). If the model fit value is less
than this, the model in question does not adequately
reflect the shape of the dose-response curve for the
endpoint of interest; therefore, the results of the BMD
analysis for that dataset are deemed unacceptable.
Characterization of the relative fit between selected
models for a particular dataset is assessed by the AIC.
In comparing across model results for a single end-
point, the application of the model that results in the
smallest AIC value indicates a better fit.

Among the various models available for continuous
endpoints, the Hill model often appears to be the most
problematic. It is a model that postulates an asymptotic
level of response (the maximum or minimum response
level that is approached as dose gets very large); when
the data being analyzed do not suggest a value for, or
even the existence of, such an asymptote, then the model
may fit the data in non-intuitive ways.

Moreover, if the data demonstrate responses in
a low-dose region (i.e. for some of the lowest experi-
mental doses) that are not substantially different from
the control response, with one or more high dose
responses demonstrating some higher responses at
roughly the same level (i.e. suggesting an asymptotic
response level), or if there is only a control response
before those high, apparently asymptotic, responses at
the higher dose levels, with no experimental observa-
tions in between, then the model has no information
about where intermediate responses should occur. In
such cases, the modeling may result in estimating a
dose-response that rapidly increases up to or close to
the maximum response. This may be associated with
a large estimated value of the power parameter n, in
which case the low-dose response pattern would be
predicted to be very flat followed by a steep increase,
or it may be associated with an n value of 1 (if that was
set as the lower bound on n) and a small value of k, in
which case the curve will increase steeply right from
zero dose. In any of these cases, the model fit may well
be the best available (it is indeed the curve that gives
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Table 21. BMD Modeling results based on selected reproductive endpoints using external administered doses as the relevant dose

metric. (Data relied upon provided in Tables 3 and 4).

Animal values
Study Sex/Species Endpoint Dose Units Model AIC p-value BMD BMDL |
Grande et al., Female Age at Maternal Hill 1080.61 0.0104 712.88 Failed
2006 offspring of vaginal mg/kg/day from  Linear 1083.38 0.0032 407.30 275.13
Wistar rats opening gif)“;:c‘;:ti)?’ 4oy Polynomial 1083.38  0.0032 407.30  275.13
22 All Groups Y Power 1083.38 0.0032 407.30 275.13
Andrade et al.,BMD Male Anogenital Maternal mg/ Hill 600.97 0.0102 Failed
2006a offspring of distance kg/day Linear 600.26 0.0099 3046.52 527.83
Wistar rats PND 22 Polynomial 600.13 0.0104 713.35  404.83
Power 599.98 0.0109 425.12 395.79
Male Day of Maternal Gamma 500.28 0.0003 329.97 57.75
offspring of preputial mg/kg/day Logistic 497.49 0.0008 154.12 87.90
Wistar rats opening Log-Logistic 497.18 0.0009 110.79 46.72
ggz)azt:‘gzd Log-Probit 500.28 0.0003 34158  125.63
and > 38) Multistage 497.32 0.0008 128.48 63.21
Probit 497.47 0.0008 152.31 86.71
Weibull 497.32 0.0008 128.48 63.21
Andrade et al.,Male decreased Maternal Hill non- 902.61 0.0082 9.51 Failed
2006¢ offspring of sperm mg/kg/day homogenous
Wistar rats production Hill homogenous ~ 910.95 0.0023 0.79 0.10
Linear 948.17 <.0001 386.73 293.91
Polynomial 948.17 <.0001 386.73 293.91
Power 948.17 <.0001 386.73 293.91

the maximum likelihood) but the information available
for fitting the model may not be adequate to constrain
it to what might be considered reasonable values.

There is another issue to be aware of with respect to
the Hill model or any model that postulates an asymp-
tote. In some cases the requested Benchmark Response
(BMR) may be outside the range of responses estimated
by the model. If the BMR is a one standard deviation
change in the mean (a common default choice), but the
maximum (or minimum) response is less than 1 standard
deviation away from the control mean, then there will be
no dose that corresponds to the requested BMR (i.e. no
BMD). The BMD will not be estimated by the model in
such cases. If the endpoint is a rare or subtle endpoint
thatis toxicologically relevant, an alternative definition of
the BMR may be needed in these instances because, in all
likelihood, the model may be fitting the data adequately
and appropriately.

In some instances, the polynomial model, which is
also a continuous model, may exhibit idiosyncratic fit-
ting properties, where the fit for one choice of the degree
of the polynomial does not match the fit for the choice
of another degree, even when the fits estimated by those
two models should be the same (e.g. when they both
result in a linear model, which is a special case of both of
them). The reasons for such behavior are not well under-
stood; the user is advised to try several choices for the
degree of the polynomial if and when suspect model fits
are observed. In all cases, the visual and statistical assess-
ment of fit should guide the user to identify potentially
problematic cases which should then be referred to a
statistician.
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All models are potentially susceptible to failures in
BMD (ED) or BMDL (LED) estimation, especially the
latter, because optimization routines are not infallible.
When such failures occur, the user should seek statisti-
cal advice (e.g. with respect to initial values that might
improve optimization) and might be best served by
relying on other software. This is true for the models fit
to dichotomous or quantal data, as well as those fit to
continuous data.

Estimation of an Oral POD for noncancer

To determine the impact of using a mathematical model
to determine a POD versus the use of a NOAEL/LOAEL
for DEHP, the datasets that provided the lowest NOAELs/
LOAELs from in utero/lactational exposure were mod-
eled. These included anogenital distance in male rats at
PND 22 (Andrade et al., 2006a), decreased sperm produc-
tion in male rats (Andrade et al., 2006b), changes in the
age of vaginal opening in female rats (Grande et al., 2006)
and the age of preputial separation in male rats (Andrade
etal., 2006a).

All of the available and applicable models (i.e. con-
tinuous models for continuous data) in BMDS were
applied to each dataset using the information from all
dose groups (Table 21). However, because of the non-
monotonic nature of the responses (Figures 1, 2, and 3),
an adequate fit of the models to the data (p>0.05) could
not be achieved for any of the datasets that would appear
to be the basis of the most sensitive NOAEL/LOAELSs (i.e.
anogenital distance, sperm production).

Although statistically significant increases in the
incidence of bi- and multinucleated gonocytes in male
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rats on PNDI (Andrade et al., 2006a) and tertiary aretic
follicles in female rats (Grande et al., 2007) were also
observed, these endpoints only achieved statistical
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Figure 1. Anogenital distance of male offspring rats (PND 22)
exposed in utero and during lactation to peanut oil (vehicle
control) or DEHP (Andrade et al. 2006a). Bars indicate meantS.E.
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significance at much higher doses (135 and 405 mg/
kg/day) than those endpoints previously considered
as the potential basis for the NOAEL/LOAEL. However,
an attempt was made to model these endpoints as
well to determine if any of the available mathemati-
cal models could successfully fit the results from the
multi-dose in utero/lactational exposure study. While
an acceptable fit could be achieved for these endpoints
(Table 22), these are not likely the more sensitive end-
points and are the result of high-dose administration.
The results of the BMD modeling using the incidence of
bi- and multinucleated gonocytes in the male rats pro-
vided estimates of the lowest BMDL,  or POD of approx-
imately 30 mg/kg/day using the Multistage model and
a value of approximately 135mg/kg/day based on the
incidence of tertiary aretic follicles in female rats using
the Linear model. While these endpoints are possi-
bly not the most sensitive, based on the evaluation of
potential NOAELs/LOAELSs, the results demonstrated
thatthese endpointsincreased in a standard monotonic
dose-related manner. Incorporation of the underlying
MOAs for these two endpoints should be considered to
determine how the other endpoints observed at lower
doses in the Andrade and co-workers studies may be
used in combination with these endpoints to estimate
the most scientifically defensible POD.

It has been common practice in the past for the
dose-response modeling of cancer endpoints, when a
response initially increases with dose and then reaches
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Figure 2. Effects of in utero and lactational DEHP exposure on daily sperm production in adult male offspring rats (Andrade et al. 2006).
This figure shows the absolute and relative proportion of animals with sperm production above and below 34 million sperm/testis. Number
of animals is indicated inside bars. *Significantly different from concurrent control. §Significantly different from historical control.
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maximum response, high dose groups may be dropped
from consideration for dose-response modeling. The
justification for dropping high doses is that the low-dose
region is the region of the dose-response curve that is
typically critical for assessing potential risk of adverse
effects in humans. The issue with the shape of the
dose-response curves for the endpoints that may serve
as the basis of the POD, based on the NOAEL/LOAEL
approach, is that no dose-related statistically significant
change is observed in the low range of concentrations
(0.015-1.215mg/kg/day) with a sustained significant
difference from control starting at 15mg/kg/day for
selected endpoints including the age at vaginal opening
in females (Grande et al., 2006) and the day of preputial
separation in male rats (Andrade et al., 2006a). This may
suggest that the sporadic statistically significant changes
observed in the lower dose groups are the result of bio-
logical variability and not treatment-related. If this were
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the case, it suggests a threshold for effects around 5mg/
kg/day. In the application of models, an approach was
tested to determine if an acceptable fit could be achieved
by dropping low doses, rather than high doses as is typi-
cally done in cancer assessment, under the assumption
that the changes observed in the lower dose groups are
not biologically significant.

This was initially tested with the data on the change
in the age of vaginal opening reported in female rats by
Grande et al. (2006) and the day of preputial separation
in male rats reported by Andrade et al. (2006a). These
endpoints are associated with the potential antian-
drogenic effects of DEHP. The age at vaginal opening
in the female rat was reported as both a continuous
and a dichotomous response (Grande et al., 2007). The
results were provided as the mean (+ SE) age at vagi-
nal opening or by classifying the animals into one of
three groups (age of vaginal opening on PND 33-34;

0 mg/kg DEHP
10 mg/kg DEHP

500 mg/kg DEHP
750 mg/kg DEHP

Oocenm

45.0 475 50.0 525

PND (days)

Figure 3. Biphasic effect of di(2-ethylhexyl)phthalate (DEHP) exposures on puberty (Ge et al. 2007a). Pubertal onset was assessed
by preputial separation. Prepubertal rats were gavaged with DEHP (0, 10, 500, and 750 mg/kg/d). The time course of the accumulative
frequency of rats with preputial separation was fitted by sigmoidal nonlinear regression. Average age was calculated as the intercept at 50%

accumulative frequency, shown as the dotted line.

Table 22. BMD Modeling results using external maternal doses (mg/kg/day) as the relevant dose metric. (Data relied upon provided in

Tables 3 and 6).
Animal values
Study Sex/species Endpoint Model AIC p-value BMD BMDL
Andrade Male offspring of bi- and multinucleated Gamma 7.41 1.0000 78.58 33.12
etal.,2006a  Wistar rats (Enlarged) gonocytes Logistic 9.41 1.0000 118.80 48.44
(PND 1) in male offspring 1o 1 oeistic 7.41 1.0000 109.27 34.81
Log-Probit 9.41 1.0000 93.76 34.63
Multistage 13.49 1.0000 77.25 30.35
Probit 9.41 1.0000 104.72 43.07
Weibull 9.41 1.0000 103.78 32.54
Grande Female offspring increased incidence of Hill 383.39 0.1608 161.24 112.42
etal., 2007 of Wistar rats Tertiary aretic follicles in Linear 380.82 0.2160 168.67 134.61
females Polynomial (6)  382.29 0.1793 210.11 137.52
Power 381.96 0.1968 204.76 139.55
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Table 23. BMD Modeling Results considering age at vaginal opening in Wistar rats (Table 4) as a continuous endpoint as reported by
Grande et al., (2006) Study and using external maternal doses (mg/kg/day) as the relevant dose metric.

Animal values
Dose Units Model AIC p-Value BMD BMDL
Gestation day 6 to lactation day 22 All Hill 1080.61 0.0104 712.88 Failed
Groups Linear 1083.38 0.0032 407.30 275.13
Polynomial 1083.38 0.0032 407.30 275.13
Power 1083.38 0.0032 407.30 275.13
Gestation day 6 to lactation day 22. Hill 804.27 0.1016 532.91 Failed
Top 7 doses only Linear 807.74 0.0230 392.91 267.71
Polynomial 805.16 0.0729 291.98 119.90
Power 807.74 0.0230 392.91 267.71
Gestation day 6 to lactation day 22. Hill 575.80 0.2161 46.94 Failed
Top 5 doses Only Linear 583.76 0.0061 396.34 261.03
Polynomial 580.40 0.0286 197.42 96.00
Power 583.76 0.0061 396.34 261.03
Gestation day 6 to lactation day 22. Hill 390.84 1.0000 89.20 Failed
Top 3 doses only Linear 399.37 0.0052 324.03 206.01
Polynomial 391.77 0.3344 107.32 64.85
Power 399.37 0.0052 324.03 206.01

PND35-37, or > PND37). While a similar endpoint
(change in age of preputial separation) was reported in
male rats, the results were only reported as a dichoto-
mous response by classifying animals into one of three
groups (age of preputial separation on PND 35-36,
PND 37-38, or >PND38). For each of the datasets in
which the animals were categorized into a range of
days to vaginal opening or preputial separation days,
the data were assessed with a single division (e.g. day
of vaginal opening separated into < 34 or > 34) to create
a dichotomous dataset. To initially attempt to derive a
POD using BMD modeling, the age of vaginal opening
reported as the mean +SE was relied upon because it is
provided as the mean as well as the variability (SE) in
the response per group.

Using the age of vaginal opening in female rats in the
control and top seven dose groups (0.405- 405 mg/kg/
day), an adequate fit was achieved with the Polynomial
model (p=0.07) (Table 23). The resulting POD or BMDL, |
was approximately 120mg/kg/day. While the fit of the
model to this many dose groups was adequate (p <0.05),
additional low-dose groups were dropped to attempt to
improve fit. The use of the top 5 doses groups plus control
did not result in an improved fit of the models to the data,
with the exception of the Hill model, which could not esti-
mate a lower bound. Dropping doses further to control
plus 3 treated groups (45— 405 mg/kg/day), the minimum
number of groups typically recommended to character-
ize the dose-response for a compound, resulted in an
improvement of fit with the Polynomial model (p=0.33)
and an estimated BMDL, of approximately 65mg/kg/
day.

Using the dichotomous results for the age of vaginal
opening (dividing the animals into day of opening <34
or >34 or <37 or >37), no adequate fit of the models to
the data could be achieved (Table 24). Even reducing the
treatment groups for consideration to the control and the

top three dose groups (45— 405 mg/kg/day) did not result
in an adequate fit of the models to the data.

Because of the lack of a conventional monotonic dose-
response curve for the majority of the endpoints in the
Andrade et al. (2006c¢; 2006b; 2006a) papers, an additional
approach was attempted to achieve an acceptable fit for
a selected dataset. Rather than dropping dose groups
from the low end or the upper end of the dose-response
curve as has been traditionally conducted, selected dose
groups were modeled that appeared to capture the overall
shape of the dose-response. This approach or “smooth-
ing” of the dose response curve was attempted with two
endpoints in male rats: the day of preputial opening and
decreased sperm production (Andrade et al., 2006a),
using the standard default dose-response model, the
Multistage model.

Days to preputial separation was evaluated two ways.
The results were categorized into three groups: age
of preputial separation on PND 35-36, PND 37-38, or
>PND38. Since the data had to be modeled as a dichoto-
mous endpoint, the results were modeled under one of
two assumptions: 1) assuming a delay of greater than
day 36 would be adverse and 2) assuming a delay of
greater than day 38 would be adverse. This endpoint is
mainly dependent on increasing levels of estradiol and/
or decreasing levels of testosterone during the perinatal
period, and a delay in these processes, as well as the
observation of delayed vaginal opening in the female rat,
may suggest estrogenic or antiandrogenic activity (Ge
et al. 2007b; Borch et al. 2006).

In “smoothing” the dose-response information, the
modeler should be aware of the potential impact on the
model estimates and should make sure that the results
are not inconsistent with the observed data. For example,
using the information assuming a delay of greater than
day 38 would be adverse (Table 25), depending upon
which portion of the dose response curve is considered
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Table 24. BMD Modeling Results considering age at vaginal opening in Wistar rats (Table 4) as a dichotomous endpoint as reported by
Grande et al., (2006) Study and using external maternal doses (mg/kg/day) as the relevant dose metric.

Animal values
Endpoint Dose Units Model AIC p-Value BMD BMDL
Age at vaginal Gestation day 6 to lactation =~ Gamma 131.62 0.0030 60.79 24.67
opening Coded as  day 22. Top 3 doses only Logistic 131.77 0.0027 71.00 30.59
<34and >34 Log-Logistic 129.58 0.0023 11.73 3.53
Log-Probit 133.02 0.0015 151.60 40.00
Multistage 131.62 0.0030 60.79 24.67
Probit 131.87 0.0026 78.32 35.49
Weibull 131.62 0.0030 60.79 24.67
Age at vaginal Gestation day 6 to lactation =~ Gamma 181.94 0.0161 119.34 56.48
opening Coded as  day 22. Top 3 doses only Logistic 182.46 0.0130 167.83 91.96
<37and >37 Log-Logistic 181.33 0.0206 80.19 31.64
Log-Probit 183.97 0.0065 275.34 121.10
Multistage 181.94 0.0161 119.34 56.48
Probit 182.43 0.0131 165.03 90.38
Weibull 181.94 0.0161 119.34 56.48

Table 25. BMD modeling results for considering day of preputial opening in male Wistar rats (Table 7) as a dichotomous endpoint as
reported by Andrade et al. (2006c) and using external maternal dose (mg/kg/day) as the relevant dose metric.

Animal Values
Endpoint Doses Model AIC p-Value BMD, BMDL,
Day of preputial Groups 1-4 only Multistage 159.55 0.440 0.051 0.026
opening Groups 1,7 and 8 125.62 NA 2.354 1.347
(s38and>38) Groups 1,10 and 11 124.78 0.728 75.547 47.072
Day of preputial all 11 groups 356.60 0.007 35.136 16.787
opening Groups 1,5, 6and 7 177.89 0.558 2.304 0.490
(s 36 and > 36) Groups 1, 4, 5, 6 and 7 207.57 0.150 2.830 0.624

the most important (i.e. dose groups 1, 10 and 11), results
in PODs differing by orders of magnitude. Relying upon
the low-dose region of the curve (groups 1-4) results in a
POD o0f0.03mg/kg/day, while relying upon only the high-
dose region of the curve (groups 1, 10 and 11) results in a
POD of approximately 47 mg/kg/day.

Smoothing of the dose-response curve was also
attempted using decreased sperm production (Andrade
et al., 2006a). Numerous combinations of dose groups
were modeled, but in the case of this endpoint an
acceptable fit of the model could not be achieved
(Table 26).

Summary

With the phthalates and in particular DEHP, observations
at high doses may not be predictive of effects/changes
at low doses. What is most striking about the Andrade
and coworkers studies is that while they provide some
evidence that a particular window of exposure, in utero/
lactational, may be the most sensitive period, those end-
points that appear to be most sensitive lack a conven-
tional monotonic dose-response. Application of BMD
modeling to these datasets, while beneficial for many
reasons, is not adequate to address the changes in end-
points measured in these reproductive/developmental
studies. Even using nonconventional methods, such as
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dropping dose groups and smoothing of dose response
information, while successful in selected cases, was
largely unsuccessful in providing consistent results or
resulting in acceptable fits. For many of the endpoints
measured in these studies two observations were noted:
1) there was considerable variability in response (given
the way the data are presented in figures and tables in
these studies); and 2) for most of the endpoints, there
were some sporadic changes in the low dose region,
but then statistical significance achieved in more of the
responses in the high dose region, without monotonic
changes in the measure of that response beyond that
point of inflection. This exercise provided evidence
that in the case of the complex endpoints observed in
reproductive/developmental studies, the application of
mathematical modeling may not be adequate to provide
an acceptable estimate of a POD. In addition, the lack of
the fit of a mathematical model to critical toxicity data
does not provide the risk assessor with a reason to reject
the importance of a particular endpoint and eliminate
it from consideration in making the determination of
a potential acceptable level of a chemical. Instead it
should challenge the risk assessor to investigate further
the biological implications of the effects observed to
better determine the potential threshold for reproduc-
tive/developmental effects following low-dose oral
exposure.
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Determination of an inhalation POD for noncancer

As mentioned previously, limited information was
available to address the potential reproductive/devel-
opmental effects of DEHP following inhalation expo-
sure. In both the Ma et al. (2006) and the Kurahashi
et al. (Kurahashi et al., 2005) studies no NOAEC was
identified, with statistically significant effects (i.e. age at
vaginal opening) at the lowest concentration tested. In
this case, the application of BMD modeling is beneficial
because it can estimate a NOAEC equivalent concentra-
tion for the POD.

Application of the continuous BMD models to the age
of vaginal opening in female rats following exposure for
PND 22-41 (Experiment 2) to those estimated following
PND 22-84 (Experiment 1) (Ma et al., 2006), resulted in
acceptable fits for all of the models, except the Hill model
(Table 27). Results from one control group and two
treated groups did not provide an adequate number of
data points for the Hill model to be applied. In comparing
the PODs estimated for Experiment 1 versus Experiment
2, lower PODs were estimated for Experiment 1 (13.1 mg/
m?®) than for Experiment 2 (20.1 mg/m?®). It is likely that
this would reflect the difference in the dose-response
curves for different exposure durations, with the longer
duration resulting in the lower POD.

Because statistically significant effects were observed
at the lowest concentration tested in Ma et al. (2006)
(5mg/m?), it might be expected that the estimated POD

using the BMD approach would be lower than this con-
centration. However, in this particular case, the estimated
POD is driven by the shape of the dose-response curve
(Figure 4). Because of the limited number of data points
and the sharp drop in response in the low-concentration
group compared to controls, many of the available mod-
els have difficulty fitting this type of curve. As shown for
these two datasets, all of the models have reduced to a
linear model. While the fit is acceptable and the model
is within the variability of the response, the curve does
not drop as rapidly as the data demonstrate and is on
the upper end of the variability in response for the low
concentration group. The result is a higher estimate of

Table 26. BMD Modeling results for changes in sperm
production in Wistar rats (Table 3) from Andrade et al. (2006a)
using external maternal dose (mg/kg/day) as the relevant dose
metric.

Dose Groups Used Animal values
in Modeling AIC  p-Value BMD, 6 BMDL,

Groups 1,2,4,5,7, 607.85 <.0001 336.603  248.480
8,11

Groups 1,2, and 3 253.70 NA 0.041 0.027
Groups1,2,3and4  352.56 0.01286 0.241 0.130
Groups 1,2, 3,4 435.07 0.01152 0.602 0.360
and 5

Groups 1-6 529.62 0.01313 1.468 0.963
Groups 1-8 688.86  0.000521 10.909 8.363
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Figure 4a. BMD modeling of the age of vaginal opening in female Wistar rats following inhalation exposure to DEHP as reported by Ma

et al. (2006) (Experiment 1- exposure PND 22-84).
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Figure 4b. BMD modeling of the age of vaginal opening in female Wistar rats following inhalation exposure to DEHP as reported by Ma

et al. (2006) (Experiment 2— exposure PND 22-41).

the BMD than would be estimated if the model-predicted
curve dropped in a manner closer to the shape the data
suggests.

As with many of the datasets evaluated previously,
acceptable fits of the models could not be achieved using
the data for increases in testosterone or seminal vesicle
weight observed in male rats (Table 27). As with the data-
set in the female rat, the models could not adequately
describe the shape of the dose-response curve in the
low-dose region (Figure 5). The responses reported in
male and female rats by Ma et al. (2006) and Kurahashi
et al. (2005) suggest that the dose-response curve has a
“hockey-stick” shape which can only be approximated by
allowing the available models to be unconstrained. This
is not a standard approach for multiple reasons includ-
ing the instability of the models and it allows for curve
shapes that are not expected to be biologically plausible.

For example, if unconstrained models are applied
to the two significantly changed endpoints (plasma
testosterone and seminal vesicle weight) reported by
Kurahashi et al. (2005) in male rats an acceptable fit can
be obtained, and BMDL, s of 0.65 to 0.85mg/m® deter-
mined. However, as illustrated in Figures 6a and 6b, in
order to achieve these acceptable fits, the model derived
dose-response curve has an unusual shape, with a large
increase followed by a decrease between the two available
datapoints from exposed animals. This type of unusual
model behavior is typically why models are always con-
strained, which restricts the model predictions to a single
direction (either increasing or decreasing).

As with the oral data, the available inhalation datasets
appear to present challenges in the determination of the
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dose-response curve in the low-dose region. More infor-
mation is needed to better characterize the biological
pathways involved in the responses observed.

Mathematical modeling for cancer endpoints
Traditionally, based on the original guidelines for cancer
risk assessment (USEPA, 1986) cancer dose-response
modeling was intended to be a statistical exercise to
estimate a CSF or UR. This value represents the upper
bound of the risk of cancer per unit dose (mg/kg/day) or
concentration (mg/m?®) and was typically estimated by
applying the Multistage model to the dataset. The intent
was initially to quantify the risk associated with the
most sensitive effect in the most sensitive species. Also
because the processes by which cancer developed were
assumed not to have a threshold, the shape of the dose-
response curve in the low-dose region was assumed to
be linear. In addition, no consideration at that time was
given to the potential human relevance of an endpoint
observed in animals and the intent was to conduct the
chronic bioassays with dosing to achieve a Maximum
Tolerated Dose (MTD).

About a decade ago, revisions in the guidelines for
dose-response modeling for cancer endpoints were initi-
ated, beginning with draft recommendations in 1996 and
the guidelines finalized in 2005 (USEPA, 2005). The most
significant changes in the guidelines were:

¢ The definition of default approaches were consid-
ered as “no-data” options, the use of which must be
justified based on the lack of sufficient information
to support a more chemical-specific approach;
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o Explicit support for biologically-based model-
ing as the preferred method for dose-response
assessment;

o Definition of multiple low-dose extrapolation
defaults: linear versus nonlinear; and,

o Consideration of the mode of action (carcinogenic
mechanism) of the chemical both for determining
the conditions under which the chemical should be
considered ahuman carcinogen, and for determining
the appropriate low-dose extrapolation approach.

For those endpoints determined to be relevant to human
health, mathematical models are applied to estimate a
POD, similarly to noncancer dose-response assessments.
The POD is the lower bound on the dose at a specified
level of risk or increase in response, typically the 10%
level, i.e. the LED, which is analogous to the BMDL,,.
The same mathematical models as used in the noncan-
cer assessment are now applied to cancer dose-response
assessment rather than restricting the analysis to the
use of the Multistage model, under the assumption that
most models would give similar answers in the observ-
able range of doses. For chemicals assumed to act by a
linear, non-threshold mode of action, largely based on
positive genotoxicity data, a linear extrapolation to lower
risk levels was recommended. For chemicals for which
the mode of action was determined to have a threshold
or be non-linear at low doses, the POD was then treated
as the starting point for the application of UFs in the same
manner as derivation of the RfD or RfC.

Weight of evidence for DEHP

As discussed previously, there are at least four studies
available in the literature that can be used to characterize
the carcinogenic potential of DEHP. These studies have
been conducted in two species (mice and rats) and mul-
tiple strains of rats (Sprague Dawley, Fischer 344, Long
Evans). The main response observed in both species is
hepatocellular adenomas and carcinomas, with pancre-
atic acinar cell adenomas and Leydig cell tumors also
observed in rats.

Under the older cancer guidelines, the weight of
evidence would have been conducted in a stepwise fash-
ion and included:

1. Characterization of the evidence from human stud-
ies and from animal studies individually,

2. Combination of the characterizations of these two
types of data into an indication of the overall weight
of evidence for human carcinogenicity, and

3. Evaluation ofall supportinginformation to determine
if the overall weight of evidence should be modified.

Under the new cancer guidelines (USEPA, 2005),
emphasis is placed on the importance of weighing all
of the evidence in a single integrative step after assess-
ing all of the individual lines of evidence, which is in
contrast to the step-wise approach in the 1986 cancer
guidelines. Evidence considered can include tumor
findings (in humans and animals), chemical and physi-
cal properties, structure-activity relationships (SARs),
studies addressing potential carcinogenic processes
and MOA. In the overall characterization of potential

Table 27. BMD modeling results from Ma et al. (2006) (Table 15) and Kurahashi et al. (2005) (Table 14) using external inhalation

concentration (mg/m?®) as the relevant dose metric.

Animal values
Study Sex/Species  Endpoint Dose units Model AIC p-value BMD,,  BMDL
Maetal., 2006 Female Age at vaginal inhalation 0, 5, Hill Not enough data points for this model
Wistar- opening - or 25mg/m’ 6 h/ Linear 63.72  0.0491  21.3656 13.09
Imamichi Note doses day, 5 days/week Polynomial 63.72  0.0491  21.3656  13.09
rats were not from PND 22 to 41
. X Power 63.72 0.0491 21.3656 13.09
adjusted for (experiment 1)
exposure inhalation 0, 5, Hill Not enough data points for this model
scenario or 25mg/m’, 6 h/ Linear 109.89  0.4953  41.7963  20.11
day, 5 days/week Polynomial 109.89 04953  41.7963  20.11
from PND 22 to 84
. Power 109.89 0.4953 41.7963 20.11
(experiment 2)
Kurahashi Male Wistar Increased Administered 0, 50r  Hill Not enough data points for this model
etal., 2005 rats plasma 25mg/m? 6h/day,  Linear -3.18  0.0015  11.6428 3.25
EZStOStEr?;e . 5 d;‘YS/ "‘Leek’ ford  polynomial 318 0.0015 11.6428  3.25
A Power 318 00015 11.6428  3.25
oses were
not adjusted
for exposure
scenario
Increased Hill Not enough data points for this model
seminal Linear -88.10  <.0001  15.2443 9.44
E’;Sldek"")ellghtt Polynomial 8810  <.0001 152443  9.44
Qoo e Power -88.10 <0001 152443  9.44
oses were

not adjusted
for exposure
scenario

Critical Reviews in Toxicology



Challenges in risk assessment: DEHP case study 39

Linear Model with 0.95 Confidence Level

Linear ——

22 ¢

18}
16 F
1.4 F

Mean Response

12 F ot

08§
06}

BMDL

BMD

0 5 10

Figure 5a.
(Kurahashi et al. 2005).

15 20 25

dose

BMD modeling of the changes in plasma testosterone reported in male Wister rats following inhalation exposure to DEHP

Linear Model with 0.95 Confidence Level

T T T

T T T

Linear 1
0.45 | |
@ — ull
2 04 f — 1
o | e~ 1
o o i
g L -
o o !
c — .
3 ]
= 03¢ i
03} i
BMDL | _BMD
0 5 10 15 20 25

dose

Figure 5b. BMD modeling of the changes in seminal vesicle weight reported in male Wister rats following inhalation exposure to DEHP

(Kurahashi et al. 2005).

carcinogenicity, data from epidemiologic studies are
generally preferred. However, the integration of all of
the information discussed above can provide insight
into the possible MOAs and the relevance of the obser-
vations observed, particularly in animals studies, to
human cancer. The revisions to the cancer guidelines
were driven by the growing sophistication of research
methods, particularly in the growing capability to
evaluate effects at the cellular and subcellular levels,
as well as increasing knowledge of pharmacokinetic
processes.

The major change to the weight of evidence assess-
ment is to now create a hazard narrative to describe
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the potential carcinogenicity of the chemical using
descriptive phrases, such as “likely or not likely to
cause cancer in humans under these specified condi-
tions’, rather than the previous “letter” designation,
e.g. A, B1, or B2® (Table 28). The available USEPA IRIS
cancer assessment for DEHP, last updated in 1993, clas-
sifies DEHP as a B2, probable human carcinogen. This
is based on inadequate information in the human and
the significant dose-related increases in liver tumor

3 This classification scheme is still in use and reported in the USEPA’s IRIS
for the vast majority of chemicals that have not been re-evaluated using
the newest guidelines.
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Figure 6b. BMD modeling (unconstrained) of the changes in seminal vesicle weight reported in male Wister rats following inhalation

exposure to DEHP (Kurahashi et al. 2005).

responses in rats and mice of both sexes reported by
NTP (NTP, 1982).

Since this USEPA assessment, several other chronic
bioassays have been conducted (David et al., 1999; David
et al., 2000a; David et al., 2000b; Voss et al., 2005), with
the evidence of the carcinogenic potential for DEHP still
limited to animal data and based largely on the obser-
vation of liver tumors in rodents. A large body of data
supports the hypothesis that peroxisome proliferator-
induced hepatic peroxisome proliferation, hyperplasia,
and neoplasia are responses unique to, or are much
more significant in rats and mice. Overall, the rank order

of responsiveness appears to be rat * mouse > hamster
>> guinea pig > monkey ~ human (reviewed by Bentley
et al., 1993). Numerous reviews have been written in the
past several years that provide detailed discussions of the
responses of rats and mice to PPARo agonists and their
general lack of relevance to humans and other primates
(Ashby et al., 1994; Cattley et al., 1998; Doull et al., 1999;
Klaunig et al., 2003; Lai, 2004; Rusyn et al., 2006; USEPA,
2003; Woodyatt et al., 1999). As described in these
reviews, although humans possess functional PPARa
and the human receptor can be activated by peroxisome
proliferators, humans and other primates are generally
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Table 28. Illustrative Categorization of Evidence Based on Animal and Human Data'

Animal Evidence

Human evidence Sufficient Limited Inadequate No data No evidence
Sufficient A A A A A
Limited Bl B1 Bl Bl B1
Inadequate B2 C D D D
No data B2 C D D E
No evidence B2 C D D E

! The above assignments are presented for illustrative purposes. There may be nuances in the classification of both animal and human
data indicating that different categorizations than those given in the table should be assigned. Furthermore, these assignments are
tentative and may be modified by ancillary evidence. In this regard all relevant information should be evaluated to determine if the
designation of the overall weight of evidence needs to be modified. Relevant factors to be included along with the tumor data from
human and animal studies include structure-activity relationships, short-term test findings, results of appropriate physiological,
biochemical, and toxicological observations, and comparative metabolism and pharmacokinetic studies. The nature of these findings
may cause an adjustment of the overall categorization of the weight of evidence.

Table 29. BMD modeling results for liver tumors in mice and rats reported by NTP (1982) (Table 19) using external dose (mg/kg/day) as

the relevant dose metric.

Animal values Human values
Human
equivalent
NTP Study TR217 Model AIC p-Value BMD BMDL BMDL,*  Linear CSF
Female Liver Gamma 134.82 0.448 407.34 297.15 43.45 2.3E-03
mice Hepatocellular  [ogistic 139.09 0.034 807.04 653.20 95.51 1.0E-03
Adenomasand o 1 ooigtic 134.46 0.645 349.49 237.83 34.78 2.9E-03
Carcinomas .
Log-Probit 136.85 0.099 626.67 489.60 71.59 1.4E-03
Multistage 134.84 0.448 407.34 297.15 43.45 2.3E-03
Probit 138.45 0.045 753.12 609.29 89.09 1.1E-03
Weibull 134.82 0.448 407.34 297.15 43.45 2.3E-03
Multistage 9.60 1.0E-02
Weibull
Male Liver Gamma 198.38 0.440 236.77 153.62 23.45 4.3E-03
mice Hepatocellular  [ogistic 198.94 0.282 324.74 240.42 36.70 2.7E-03
Adenomasand o 1 ooigtic 198.06 0.596 184.75 105.18 16.05 6.2E-03
Carcinomas Log-Probit 199.15 0.241 402.94 275.59 42.07 2.4E-03
Multistage 198.38 0.440 236.77 153.62 23.45 4.3E-03
Probit 198.92 0.286 320.26 237.29 36.22 2.8E-03
Weibull 198.38 0.440 236.77 153.62 23.45 4.3E-03
Female Liver Gamma 97.74 1.000 331.97 201.45 48.75 2.1E-03
rats Carcinomas Logistic 100.70 0.145 495.72 406.26 98.31 1.0E-03
and Neoplastic o 1 oigtic 97.74 1.000 333.55 181.53 43.93 2.3E-03
Nodule Log-Probit 96.01 0.872 384.31 302.42 73.18 1.4E-03
Multistage 97.74 1.000 327.72 201.45 48.75 2.1E-03
Probit 100.06 0.190 470.02 381.61 92.34 1.1E-03
Weibull 97.74 1.000 331.16 201.45 48.75 2.1E-03
Male rats Liver Gamma 119.68 NA 404.24 209.21 55.63 1.8E-03
Carcinomas Logistic 117.69 0.924 432.80 329.46 87.61 1.1E-03
and Neoplastic o 1 oigtic 119.68 NA 403.38 193.17 51.37 1.9E-03
Nodule Log-Probit 117.77 0.765 432.13 301.15 80.08 1.2E-03
Multistage 119.68 NA 411.23 209.21 55.63 1.8E-03
Probit 117.68 0.987 417.23 310.61 82.60 1.2E-03
Weibull 119.68 NA 405.96 209.21 55.63 1.8E-03

* Human BMDL,  values are computed from the animal values by multiplying by the animal BMDL, by the body-weight* animal-to-

human extrapolation value.
" Calculated as CSF=0.1/Human Equivalent BMDL

refractory to the key events associated with the induction
of liver tumors by PPARa agonists.

Other than liver tumors, the only remaining statisti-
cally significant changes reported were increases in the

© 2011 Informa Healthcare USA, Inc.

incidence of pancreatic acinar cell adenomas in male
rats reported by both David et al. (1999; 2000a; 2000b)
and Voss et al. (2005) and the incidence of Leydig cell
tumors in male rats reported by Voss et al. (2005). This
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Table 30. BMD modeling results for liver tumors as reported by David et al., (1999) (Table 17) using external dose (mg/kg/day) as the

relevant dose metric.

Animal values Human values
Human
equivalent
(David et al.,1999) Model AIC p-Value BMD BMDL BMDL, *  Linear CSF®
Female mice Liver Gamma 225.18 0.705 74.41 51.93 7.47 1.3E-02
Hepatocellular  Logistic 230.73 0.036 177.84 148.21 21.32 4.7E-03
Ader?omas and Log- Failed
Carcinomas Logistic
Log-Probit 223.60 0.764 109.27 86.37 12.43 8.0E-03
Multistage 225.30 0.668 66.51 51.66 7.43 1.3E-02
Probit 229.69 0.056 164.67 139.41 20.06 5.0E-03
Weibull 225.22 0.691 72.26 51.83 7.46 1.3E-02
Male mice Liver Gamma 330.46 0.100 83.37 60.31 8.68 1.2E-02
Hepatocellular [ ogistic 334.14 0.022 150.97 120.32 17.31 5.8E-03
Adenomasand  y,, 327.34 0.346 47.55 30.09 433 2.3E-02
Carcinomas Logistic
Log-Probit 335.18 0.013 154.60 108.70 15.64 6.4E-03
Multistage 330.46 0.100 83.37 60.31 8.68 1.2E-02
Probit 333.97 0.023 147.32 118.66 17.07 5.9E-03
Weibull 330.46 0.100 83.37 60.31 8.68 1.2E-02
Female rats Liver Gamma 145.05 0.068 285.72 142.18 37.81 2.6E-03
Hepatocellular [ ogistic 143.07 0.144 341.22 284.05 75.53 1.3E-03
Adenomasand  y,, 145.05 0.068 285.20 134.56 35.78 2.8E-03
Carcinomas Logistic
Log-Probit 143.03 0.154 271.54 203.56 54.13 1.8E-03
Multistage 145.06 0.066 303.34 142.01 37.76 2.6E-03
Probit 143.08 0.133 313.82 258.10 68.63 1.5E-03
Weibull 145.06 0.068 295.18 142.03 37.77 2.6E-03
Male rats Liver Gamma 225.19 0.825 118.72 70.49 18.74 5.3E-03
Hepatocellular  Logistic 224.17 0.705 200.26 166.04 44.15 2.3E-03
Adenomasand  y ., 225.14 0.844 117.30 54.58 14.51 6.9E-03
Carcinomas Logistic
Log-Probit 223.85 0.779 161.11 121.03 32.18 3.1E-03
Multistage 225.25 0.801 114.46 70.23 18.68 5.4E-03
Probit 223.93 0.764 183.89 152.79 40.63 2.5E-03
Weibull 225.20 0.820 117.86 70.43 18.73 5.3E-03

* Human BMDL, values are computed from the animal values by multiplying by the animal BMDL, by the body-weight* animal-to-

human extrapolation value.
" Calculated as CSF=0.1/Human Equivalent BMDL

“triad” of tumors (liver, pancreas and Leydig cell) all
have proposed MOAs that suggest a possible down-
stream effect resulting from PPARa activation (Klaunig
et al., 2003). While the available data provide strong
evidence that rodent liver tumors following administra-
tion of PPAR«a agonists are not relevant to human health,
the justification for the lack of human relevance of the
observed Leydig cell and pancreas acinar cell tumors is
still questionable.

Based on the available data and applying the new
USEPA Cancer Guidelines (USEPA, 2005), DEHP could
be classified in two ways depending upon which tumors
could be justified to be relevant to human health. These
include 1) “likely to be carcinogenic to humans” based
on the observation of pancreatic acinar cell tumors in
multiple strains of rats and/or Leydig cell tumors in one
strain of rats or 2) “not likely to be carcinogenic” based

on convincing experimental evidence that the only car-
cinogenic effects observed in animals are not relevant to
humans.

The assessment conducted here will proceed assum-
ing the classification is “likely to be carcinogenic to
humans” based on the incidence of pancreatic acinar
cell and Leydig cell tumors. Mathematical modeling of
the incidence of liver tumors will also be provided for
comparative purposes, because existing risk assessments
in the literature still rely on these endpoints. Therefore,
the impact of the application of various guidelines and
approaches can be demonstrated.

Dose-response modeling for DEHP cancer endpoints

Without consideration of MOA, dose-response mod-
eling, using the models available in BMDS, was con-
ducted for the tumor incidences that were reported to
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Table 31. BMD modeling results for pancreatic acinar cell and hepatic lesions reported by David et al. (2000a) (Table 18) using external
doses (mg/kg/day) as the relevant dose metric.

Animal values Human values
Human
equivalent
(David et al., 2000a) Model AIC p-Value BMD BMDL,, BMDL,* Linear CSF®
Male rats Pancreatic Gamma 38.24 1.000 814.83 565.19 150.29 6.7E-04
acinar cell Logistic 38.24 1.000 796.28 713.16 189.64 5.3E-04
adenoma Log-Logistic 38.24 1.000 803.79 558.98 148.64 6.7E-04
Log-Probit 38.24 1.000 818.14 604.84 160.84 6.2E-04
Multistage 36.25 1.000 824.11 564.92 150.22 6.7E-04
Probit 38.24 1.000 802.83 692.42 184.12 5.4E-04
Weibull 38.24 1.000 803.34 565.19 150.29 6.7E-04
Male rats Hepatic Gamma 205.36 0.055 784.90 389.46 103.56 9.7E-04
spongiosis Logistic 206.02 0.041 903.17 559.62 148.81 6.7E-04
Log-Logistic 205.25 0.058 757.13 356.20 94.72 1.1E-03
Log-Probit 207.35 0.021 989.65 614.93 163.52 6.1E-04
Multistage 205.36 0.055 784.90 389.46 103.56 9.7E-04
Probit 205.95 0.042 894.27 538.60 143.22 7.0E-04
Weibull 205.36 0.055 784.90 389.46 103.56 9.7E-04

* Human BMDL, values are computed from the animal values by multiplying by the animal BMDL, by the body-weight* animal-to-

human extrapolation value.

" Calculated as CSF=0.1/Human Equivalent BMDL, |

Table 32. BMD Modeling results for pancreatic, liver, and Leydig cell lesions reported by Voss et al., (2005) (Table 16) using external doses
(mg/kg/day) as the relevant dose metric.

Animal values Human values
Human
(Voss et al., 2005) Model AIC p-value BMD | BMDL, equivalent BMDL * Linear CSF"
Male rats Pancreatic acinar Gamma 122.02 0.775 246.26 191.32 50.88 2.0E-03
cell adenoma Logistic 120.77 0.669 24953  216.75 57.64 1.7E-03
Log-Logistic 122.02 0.773 25125  192.97 51.31 1.9E-03
Log-Probit 122.02 0.776 239.55  182.85 48.62 2.1E-03
Multistage 120.11 0.920 24515  195.53 51.99 1.9E-03
Probit 121.20 0.549 241.13  202.96 53.97 1.9E-03
Weibull 122.02 0.772 253.43  196.16 52.16 1.9E-03
Malerats  All Liver Gamma 214.14 0.865 261.56  128.72 34.23 2.9E-03
Neoplasms (only  Logistic 215.61 0.432 182.63  129.56 34.45 2.9E-03
terminal sacrifice  y 0 7 ooiqtic 216.14 0.591 276.78  127.64 33.94 2.9E-03
animals) Log-Probit 216.14 0.591 259.95  130.28 34.64 2.9E-03
Multistage 214.25 0.822 223.46  132.70 35.29 2.8E-03
Probit 215.78 0.399 179.08  122.51 32.58 3.1E-03
Weibull 216.14 0.591 278.69  129.83 34.52 2.9E-03
Malerats  All Leydig cell Gamma 701.11 0.938 200.91 104.83 27.88 3.6E-03
tumors Logistic 701.21 0.889 217.67  133.16 35.41 2.8E-03
Log-Logistic 701.09 0.948 196.39 96.71 25.72 3.9E-03
Log-Probit 701.93 0.620 243.80  154.30 41.03 2.4E-03
Multistage 701.11 0.938 200.92  104.83 27.88 3.6E-03
Probit 701.20 0.897 21521  129.12 34.33 2.9E-03
Weibull 701.11 0.938 200.92  104.83 27.88 3.6E-03

* Human BMDL,  values are computed from the animal values by multiplying by the animal BMDL, by the body-weight* animal-to-

human extrapolation value.

" Calculated as CSF=0.1/Human Equivalent BMDL

be statistically significantly increased in the four chronic
bioassays, including rodent liver tumors. These included
the results reported by NTP (1982) (Table 29), David et al.
(1999) (Table 30), David et al. (2000a; 2000b) (Table 31),
and Voss et al. (2005) (Table 32). Using the traditional

© 2011 Informa Healthcare USA, Inc.

statistical approach from the 1986 guidelines (USEPA,
1986), the lowest animal POD (51.66 mg/kg/day) associ-
ated with the best model fit (p = 0.668— Multistage model)
was estimated using liver adenomas and carcinomas in
female mice from the David et al. (1999) (Table 30).
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Figure 7. Model structure for DEHP/DBP kinetics in the pregnant rat. Adult male rat model is identical with the exception of the placenta/
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tissue compartments and are diffusion limited.

In the absence of the application of a PBPK model,
animal-to-human extrapolation was accomplished by
applying the default scaling value of body weight**. The
justification for this extrapolation approach is provided
in USEPA (USEPA, 2005):

For oral exposures, administered doses should be
scaled from animals to humans on the basis of equiva-
lence of mg/kg**-d (milligrams of the agent normal-
ized by the 3/4 power of body weight per day) (USEPA,
1992). The 3/4 power is consistent with current science,
including empirical data that allow comparison of
potencies in humans and animals, and it is also sup-
ported by analysis of the allometric variation of key
physiological parameters across mammalian species.
It is generally more appropriate at low doses, where
sources of nonlinearity such as saturation of enzyme
activity are less likely to occur. This scaling is intended
as an unbiased estimate rather than a conservative one.
Equating exposure concentrations in food or water is an
alternative version of the same approach, because daily
intakes of food or water are approximately proportional
to the 3/4 power of body weight. The aim of these cross-
species scaling procedures is to estimate administered
doses in animals and humans that result in equal life-
time risks.

The resulting human equivalent POD using the data-
set of liver adenomas and carcinomas in female mice
from the David et al. (1999) is approximately 7.5 mg/kg/
day. The corresponding CSF, assuming a linear dose-
response curve, can be calculated using the equation
0.1/human equivalent LED, . This step would only be
needed if the risk assessor was conducting an assess-
ment that relied upon dose-response assessments

provided under older guidelines. Many of the chemical
dose-response assessments provided in the Integrated
Risk Information System (IRIS) database were con-
ducted prior to the recent revisions to the cancer guide-
lines and provide results as a CSF or UR, rather than
providing a POD.

Consideration of the changes in the new cancer guide-
lines (USEPA, 2005) and the human relevance framework
would suggest that liver tumors in rodents should not be
used to estimate the potential cancer risk in humans. As
discussed previously, it is generally accepted that these
tumors in rodents are caused by a PPARa-mediated pro-
cess (Foster, 2006; Klaunig et al., 2003). Activation of the
PPARa receptor is a well-characterized, nongenotoxic
mode of action causally related to the induction of rodent
liver tumors and thought to be specific to rodent livers
(Ashby et al., 1994; Bentley et al., 1993; Cattley et al., 1998;
Chevalier and Roberts, 1998; Klaunig et al., 2003; USEPA,
2003; USEPA, 2005). If this information is factored into
the cancer dose-response assessment for DEHP, limited
evidence of carcinogenic potential is available.

The lowest animal POD estimated for the remaining
endpoints (pancreatic acinar cell adenomas and Leydig
cell tumors) observed in male rats is approximately
97mg/kg/day, based on the application of the log-logistic
model to the incidence of all Leydig cell tumors from Voss
et al.(2005). The PODs estimated based on the incidence
of pancreatic acinar cell tumors from the same study was
about a factor of two higher (approximately 195 mg/kg/
day- Multistage model). While the finding of Leydig cell
tumors in Voss et al. (2005) is new, it is not surprising.
As discussed previously, a number of other peroxisome
proliferators have been reported to induce testicular
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tumors as well (Klaunig et al., 2003). The mechanism by
which Leydig cell tumors are induced is different from
that in hepatocytes because steroid hormone effects are
involved. PPAR agonists are reported to induce Leydig
cell tumors by inhibiting testosterone biosynthesis and/
or inducing aromatase that in turn increases estradiol
levels (Klaunig et al., 2003). These results are also in line
with changes in LH and testosterone levels and Leydig
cell hyperplasia noted in other shorter duration studies
(Akingbemi et al., 2004; Akingbemi et al., 2001; Andrade
et al., 2006¢; Andrade et al., 2006b; Andrade et al., 2006a;
Ge et al., 2007a).

Consideration of dosimetry in the dose-
response assessment

In the latest cancer guidelines (USEPA, 2005), toxi-
cokinetic or physiologically based pharmacokinetic
(PBPK) modeling is now the preferred approach for
estimating dose to be used in dose-response modeling.
Physiologically based pharmacokinetic (PBPK) models
have proven to be useful tools for integrating toxicologi-
cal and pharmacokinetic data and are valuable in that
they provide an alternative to use of either an exposure
concentration (inhalation) or administered amount
(oral) to estimate acceptable levels by incorporating
internal dosimetry or target tissue dose metrics to char-
acterize exposure (Barton and Clewell, 2000; Clewell and
Andersen, 1985; Clewell et al., 1995).

To the extent to which the structure of a PBPK model
includes the important determinants of the kinetics of
the chemical, a properly validated PBPK model can be
used to perform high-to-low dose, dose-route, and inter-
species extrapolations necessary for estimating human
equivalent doses based on animal toxicology studies
(Andersen et al., 1991; Andersen et al., 1987; Barton
and Clewell, 2000; Clewell and Andersen, 1985; Clewell
et al., 2000; Clewell et al., 2001a; Clewell and Clewell,
2008; Clewell et al., 2001b; Corley, 1996; Corley et al.,
1994; Corley et al., 1990; el-Masri et al., 1995; Fisher,
2000; Gerrity and Henry, 1990; Johanson and Filser, 1993;
Mann et al., 1996a; Mann et al., 1996b; O’Flaherty, 1989;
Reitz et al., 1990). A PBPK model is also useful for exam-
ining the effects of changing physiology with age on tar-
get tissue dosimetry, as in the case of early life exposure
(Barton, 2005; Clewell et al., 2004; Clewell et al., 2001a;
Clewell et al., 2007; Clewell et al., 2001b; Corley et al.,
2003; Fisher et al., 1991; Fisher et al., 1989; Gentry et al.,
2004; Gentry et al., 2003; O’Flaherty, 1995; Sarangapani
etal., 2003).

The results of the PBPK model will typically be
expressed in units relevant to the target tissue dose, e.g.,
concentration of chemical per unit of tissue rather than
the original exposure concentration or administered
dose. To determine the equivalent exposure concen-
tration or administered dose in the human that would
result in the estimated target tissue dose, the pharma-
cokinetic model must be run “backwards”; that is, the

© 2011 Informa Healthcare USA, Inc.
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model must be run repeatedly, varying the exposure
concentration or administered dose until the desired
dose metric dose at the target tissue is obtained. The use
of PBPK modeling to improve estimation of the POD
expressed in human equivalent doses, e.g., mg/kg/day,
has been explored with DEHP data, as discussed in the
following sections.

The ultimate aim of using PBPK modeling is to provide
a measure of dose that better represents the “biologi-
cally effective dose” or the dose that causally relates to
the adverse outcome. As a result, target tissue dosimetry
provided by PBPK modeling can also be an essential
component in models of pharmacodynamics, as well as
in biologically based dose-response models of cancer
(Clewell and Andersen, 1989).

Description of the DEHP PBPK models

Several PBPK models have been developed for selected
phthalates, including DEHP (Cahill et al., 2003; Clewell
et al., 2008; Keys et al., 1999; Keys et al., 2000). The most
recent phthalate model, developed by Clewell et al.
(2008) for DBP, has been extended to the human. The
original DBP model by Clewell et al. (2008) described
serum, urine, bile, and fecal time-course data for DBP,
monobutyl phthalate (MBP), and the glucuronide and
oxidative metabolites of MBP across a wide range of
doses administered via intravenous injection or oral gav-
age, and with single or repeated dosing. In order to apply
this model to DEHP, very few changes were made to the
original model structure. In particular, a more detailed
kinetic description of the combined oxidative metabo-
lites of the monoester was required to fit the metabolite
excretion data for DEHP.

The final DEHP model contains four inter-connected
sub-models, each with the necessary amount of detail
to adequately describe the chemical species: diester,
monoester, monoester-glucuronide, and the combined
oxidative metabolites. The individual sub-models inter-
act at sites of metabolism (hydrolysis of the diester,
glucuronidation, hydrolysis of the glucuronide, and oxi-
dation). In addition, each PBPK model requires data on
species-specific physiological parameters, such as body
weight or organ volumes and blood flow, and species-
specific kinetic parameters (Appendix B). The data used
to develop the PBPK models for each chemical species in
the adult rat and modifications made to describe gesta-
tion and lactation are described in detail in Appendix B.
The final model structure used to describe disposition of
DEHP in the pregnant rat, the more complex of the PBPK
models, is shown in Figure 7.

The rodent model was extended to human with
known values for the required physiological and kinetic
parameters or scaling of the rodent values to estimate
human equivalent values. Parameters for adult females
are shown in Table 33. Additional parameters needed for
gestation and lactation are shown in Tables 34 and 35,
respectively. The data used for the key parameters in the
human gestation and lactation model (Table 34 and 35,
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Table 34. Additional model parameters and distributions used for the DEHP human pregnancy PBPK model Monte Carlo Analysis.

Parameter Value CV Upper Bound Lower Bound  Distribution

Blood Flows

QPLM Blood Flow to Placenta 58.5 0.3 17.6 111.2 Normal
(L/hr/kg tissue)

Tissue Volume

BWINIT Initial Body Weight as Start of 67.8 0.3 15.0 150.0 Normal
Pregnancy (kg)

Partition Coefficients

PMPL MEHP Placenta 0.2 0.3 0.02 0.38 Lognormal

PMFET MEHP Fetus 0.7 0.3 0.07 1.33

PMEFT MEHP Fetal Testes 0.3 0.3 0.03 0.570

PGPL MEHP-G Placenta 0.2 0.3 0.02 0.32

Permeation Coefficients (scaled to BW®/#)

PAPLC MEHP Placenta 0.05 0.3 0.005 0.095 Lognormal

Rate Constants (L/hr/kg** Fetal Weight)

KTRANSM1C MEHP Transfer 0.006 0.3 0.0006 0.011 Lognormal
(Fetal Blood to Amniotic Fluid)

KTRANSM2C MEHP Transfer 0.01 0.3 0.001 0.019

(Amniotic Fluid to Fetal Blood)

Table 35. Additional model parameters and distributions used for the DEHP human lactation PBPK model Monte Carlo Analysis.

Parameter Value CV Upper Bound Lower Bound Distribution

Blood Flows (Fraction of cardiac output for infant)

QCCN Cardiac Output (L/hr scaled by BW*/*) 20.0 0.3 2.0 38.0 Normal

QGICN GI tract 0.184 0.3 0.0184 0.35

QLCN Liver 0.046 0.3 0.0046 0.087

QFCN Fat 0.052 0.3 0.0052 0.10

QRCN Rapidly Perfused 0.524 0.3 0.0524 1.0

QSCN Slowly Perfused 0.188 0.3 0.0188 0.36

Tissue Volume

BWINIT Initial Body Weight as Start of 67.8 0.3 15.0 150.0 Normal
Pregnancy (kg)

VMAMC Volume of Mammary 0.020 0.3 0.02 0.038

VMK Volume of Milk (L) 0.63 0.3 0.063 1.2

Neonate/Infant Tissue Volumes

VGJSCN Upper GI contents 0.021 0.3 0.0021 0.040 Normal

VGJLCN Lower GI contents 0.012 0.3 0.0012 0.023

VREMCN Remainder (non perfused tissue) 0.043 0.3 0.0043 0.082

VBCN Blood 0.045 0.3 0.0045 0.086

VRCN Rapidly Perfused (plus fat) 0.124 0.3 0.012 0.24

VSCN Slowly Perfused (plus VMUC and VFC) 0.37 0.3 0.037 0.70

VLCN Liver 0.034 0.3 0.0034 0.065

VGICN Gut 0.03 0.3 0.0030 0.057

VECN Fat 0.32 0.3 0.032 0.61

Partition Coefficients

PMAM DEHP Mammary 1.0 0.3 0.1 1.9 Lognormal

PMMAM MEHP Mammary 1.0 0.3 0.1 1.9

PMK DEHP Milk 200.0 0.3 20.0 380.0

PMMK MEHP Milk 0.3 0.3 0.03 1.9

Permeation Coefficients (scaled to BW*/%)

PAMKC MEHP from mammary to milk 0.3 0.3 0.03 1.9 Lognormal

Kinetic Parameters (scaled to BW®/%)

Max Capacity (mg/hr/kg)

VMXGCN DEHP Hydrolysis in Gut Lumen 6.0 0.3 0.6 11.4 Lognormal

VMXLCN Glucuronidation of MEHP in Liver 1.0 0.3 0.10 1.9

VMXOCN Oxidation of MEHP in Liver 16.8 0.3 1.68 31.92

Rate Constants (L/hr/kg** Fetal Weight)

KTRANS Transfer of milk to neonate/infant 0.013 0.3 0.0013 0.025 Lognormal
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Figure 8. Excretion of DEHP metabolites in urine after a single oral dose in one randomly chosen platelet donor reported by Koch et al.
(2005). The estimated dose was approximately 0.048 mg/kg over a 45 min infusion.
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Figure 9. Total amount of MEHP excreted in urine after a single oral dose of 38 mg on buttered toast to a single volunteer (Koch, 2004).

respectively) were derived from the following sources.
Equations describing the growth rates and physiological
changes in the human maternal compartments during
pregnancy were based on the Clewell et al., (1999) PBPK
model for methylmercury. For amniotic fluid volume, a
Gompertz equation was fit to the measured values pub-
lished by Beall et al., (2007). The volume of the fetal testes
was fit to data published in ICRP (2002) and Payne and
Jaffe (1972). Two changes were made to fit the differences
in clearance of MEHP between rodents and humans. The
urinary excretion of MEHP was changed to clearance
(L/h) based on the ratio of the Vmaxc to the Km and
the glucuronide conjugation of MEHP was increased to
describe the oral (Figures 8 and 9) human data published
by Koch et al., (2004; 2005). Hydrolysis of DEHP in the
gut and liver and phase I and II metabolism in the liver
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of the neonate/infant were set to 60% of the adult value
as the ontogeny of the metabolic pathways for MEHP are
not well characterized. The lactation model was based on
the Clewell and Gearhart (2002). The rate of milk produc-
tion, the residual milk volume in the mammary gland
and the volume of milk ingested by the growing infant
were set to the average values reported for the nursing
mothers and infants up to 1 year of age (USEPA, 2002).
The volume of the mammary gland was simplified by
setting the fraction of body weight to the final fraction as
this volume was reached within the first 15 days and did
not impact the steady state kinetics when averaged over
a 1 year period. In all human PBPK models, DEHP con-
centration in the fat compartment was set to the arterial
concentration of DEHP times the partition coefficient for
fat in order to reduce the computational time necessary
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for the model to reach steady state. Tables 33 to 35 also
include values for each of these parameters describing
the distribution of values that were subsequently used
in a Monte Carlo analysis to determine a distribution of
target tissues doses and subsequently, a distribution of
estimated external exposure that would correspond to
each target tissue dose.

Selection of a dose metric for use in dose-response modeling
An important consideration in describing the rela-
tionship between chemical concentration and tissue
response is the need to determine the toxicologically
active form of the chemical. The selection of the dose
metric, that is, the active chemical form for which tissue
exposure should be determined and the nature of the
measure to be used (e.g., peak concentration (C,,,,) or
area under the concentration-time profile (AUC)) is the
most important step in applying pharmacokinetics in
dose-response assessment and should be determined
for each critical endpoint for DEHP prior to the initiation
of dose-response modeling. For each endpoint, priority
should be given to the dose metric that, on the basis of
the available evidence, appears to provide most plau-
sible basis for estimating the biologically effective dose.
The plausibility of a given dose metric will be determined
primarily by two factors: (1) its consistency with available
information on the MOA, and (2) the consistency of its
dose-response with that of the endpoint of concern.

The specific nature of the relationship between target
tissue dose and response should be determined based
on the proposed MOA. Many short-term, rapidly-revers-
ible toxic effects, such as acute skin irritation or acute
neurological effects may result primarily from the cur-
rent concentration of the chemical in the tissue. In such
cases, the likelihood of toxicity from a particular exposur
e scenario can be conservatively estimated by the maxi-
mum concentration (C,,,,) achieved in the target tissue.
On the other hand, the acute toxicity of highly reactive
chemicals, as well as many longer-term toxic effects,
such as tissue necrosis and cancer, may be cumulative
in nature, depending on both the concentration and
duration of the exposure. A simple metric for such cases
is the area under the concentration curve (AUC) in the
tissue, which is defined mathematically as the integral
of the concentration over time. This mathematical form
implicitly assumes that the effect of the chemical on the
tissue is linear over both concentration and time. The
use of the AUC represents an extension of “Haber’s Law’,
a concept developed from observations of the effects
of chemical warfare gases (Haber, 1924) that toxicity is
proportional to the product of the concentration and
time of exposure (C x T). For developmental effects, the
chemical time course may also have to be convoluted
with the window of susceptibility for a particular gesta-
tional event.

In the case of DEHP, evidence suggests that the non-
cancer effects may be associated with the metabolite
MEHP (ATSDR, 2002) or some of MEHP’s downstream

oxidative metabolites (Koch etal., 2005). Koch et al. (2005)
demonstrated that secondary metabolites other than
DEHP, MEHP may be involved in the observed testicular
effects, specifically 5-hydroxy MEHP. However, because
of the complex nature of the metabolism of DEHP, esti-
mation and validation of concentrations of metabolites
other than MEHP cannot be achieved with the data that
are currently available.

For purposes of this assessment and to demonstrate
the application of PBPK modeling in risk assessment, one
dose metric will be determined and applied. The dose
metric selected was the AUC for MEHP, which is repre-
sentative of the average target tissue dose over the period
being considered. Although it is possible the peak con-
centration could be a relevant dose metric for selected
endpoints, use of peak concentration as the dose metric
is very sensitive to changes in exposure, requiring more
specific information about intake for routes of exposure,
such as diet or drinking water. In general, the use of the
AUC results in more conservative estimates of acceptable
intake and therefore will be used to demonstrate applica-
tions of PBPK modeling for this assessment.

Estimation of internal dose metrics for DEHP

The rat model was used to calculate the AUC MEHP cor-
responding to exposure at different lifestages that were
the focus of the toxicity/carcinogenicity studies (Tables
36-39). For each dosing scenario from the noncancer
reproductive/developmental studies, the AUC for MEHP
was estimated for multiple lifestages. These included
maternal dosing (Table 36), gestation and lactation dos-
ing separate and combined (Table 36), postnatal dosing
(Table 37), and multigenerational dosing (Table 38).
These dose metrics were estimated to investigate whether
the observed adverse effects may be attributed to expo-
sure during various windows of development. The model
was run using a daily dosing regimen for the amount of
time described in the study and a total area under the
curve (AUC) for MEHP was estimated. The AUC was then
divided by the total amount of time for which the simula-
tion was run to obtain an average daily concentration in
the non-pregnant, pregnant, lactating, fetal or neonatal
rat. For dosing scenarios that included both gestation
and lactation, the gestation model was run to the time of
birth and final maternal and fetal tissue concentrations
were tabulated and used as starting tissue concentrations
in the maternal and neonatal models. AUC for combined
exposures across lifestages (i.e., gestation, lactation) were
estimated by adding the gestation AUC and lactation
AUC and dividing by the total exposure time. For cancer
effects, the AUC MEHP was estimated over the lifetime of
the rat (Table 39).

Based on the oral gavage studies reported by Andrade
and coworkers (Table 36), the model estimates of the AUC
for MEHP, comparing fetal blood AUC to pup blood AUC,
suggested that exposure to the fetus during gestation is
much greater than that resulting from lactation alone.
The postnatal gavage doses tested (1 to 750 mg/kg/day)
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Table 36. Pregnancy and lactation dose metrics for the rat estimated applying the PBPK model.

Blood AUC/t (mg/L)
Gestation Lactation Gestation + Lactation
Oral gavage Dose maternal fetal blood fetal testes maternal pup blood maternal pup blood
Study (mg/kg/day) blood (mg/L) (mg/L) (mg/L) blood (mg/L) (mg/L) blood (mg/L) (mg/L)
Akingbemi 1 0.03 0.02 0.006 0.01 0.00
etal., 2001 10 0.29 0.19 0.058 0.08 0.00
100 3.68 2.47 0.742 1.00 0.02
0.015 3.9E-04 2.6E-04 2.6E-04 1.1E-04 8.7E-07 2.3E-04 1.1E-04
Andrade 0.045 1.2E-03 8.0E-04 2.4E-04 3.4E-04 2.3E-06 6.9E-04 3.4E-04
etal.,2006a; 0.135 3.5E-03 2.4E-03 7.2E-04 1.0E-03 6.9E-06 2.1E-03 1.0E-03
Andrade ) 0.405 0.01 0.01 0.002 0.00 0.00 0.01 0.00
Ztri;;_fggeb' 1.215 0.03 0.02 0.007 0.01 0.00 0.02 0.01
et al.,2006¢ 5 0.13 0.09 0.027 0.04 0.00 0.08 0.04
15 0.41 0.28 0.084 0.12 0.00 0.24 0.12
45 1.34 0.91 0.274 0.39 0.01 0.79 0.38
135 4.99 3.40 1.021 1.44 0.04 2.92 1.44
405 20.59 14.03 4.210 5.97 0.28 12.05 6.00
Table 37. Postnatal dose metrics in the rat estimated applying the PBPK model.
Dose Blood AUC/t (mg/L)
Oral gavageStudy (mg/kg/day) PND 21-34 PND 35-48
Akingbemi et al.,2001 1 0.01 0.01
10 0.14 0.11
100 2.94 2.19
200 6.87 5.06
PND 21-48 PND 21-90 PND 21-120
Akingbemi et al.,2004 10 0.12 0.14 0.16
100 2.57 2.86 3.35
Ge et al.,2007a 10 5.06
500 19.17
750 34.41
Inhalation Conc PND 22-41 PND 22-84
Study (mg/m3)
Kurahashi et al.,2005; 5 0.02 0.02
Ma et al.,2006 25 0.08 0.08

over various windows of development resulted in AUCs
(Table 37) that were comparable to those estimated dur-
ing gestation.

Use of a dose metrics in noncancer dose-response
assessment

PBPK modeling is typically used to develop internal dose
metrics to be used in the dose-response modeling assess-
ment, replacing the use of external exposure concentra-
tions or administered doses. The main goal in applying
these types of models is to adjust for species differences
in pharmacokinetics that can impact the delivery of the
ultimate active chemical to the target tissue. The appli-
cation of these models in dose-response assessment
replaces the application of a portion of the UF associ-
ated with the pharmacokinetic differences in animal-to-
human extrapolation. However, as demonstrated in the
following sections, the results from this type of modeling
can be used in numerous ways to provide a better under-
standing of the contribution of target tissue dose delivery
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in understanding the potential MOA for an endpoint of
concern.

For purposes of estimating a POD for DEHP, the use
of the AUC for MEHP from the rat models were incor-
porated into the dose-response assessment as the “dose
metric’, replacing the use of administered gavage or
dietary exposure doses. The same dose-response models
described previously were used. Typically, if the observed
response is closely related to the internal dose of a par-
ent compound or a specific metabolite, the use of this
dose metric in the application of benchmark models can
result in a better fit. However, in the case of DEHP, the
use of AUC for MEHP as the dose metric improved the
fit of the dose response models to the data for some data
sets, but for many datasets, the fit was still unacceptable
(Table 40). Because of the lack of improvement in the fit
of the dose-response models to the the data when PBPK-
derived doses from the animal model were used, it was
assumed that improvement of the fit using the human
model would be unlikely.
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Table 38. Dose metrics estimated for the multigenerational study
conducted by rats by NTP (2004).

Table 39. Dose metrics for lifetime dietary administration of
DEHP in rats estimated using the PBPK model.

ADULT diet Conc in feed Actual dose Blood
Study (ppm) (mg/kg/day) AUC/t(mg/L)
FO 1.5 0.12 0.002
10 0.78 0.01
30 3.4 0.04
100 7.9 0.10
300 23 0.31
1000 77 1.11
7500 592 18.18
F1 1.5 0.09 0.001
10 0.48 0.01
30 1.4 0.04
100 4.9 0.06
300 14 0.19
1000 48 0.67
7500 391 8.69
F2 1.5 0.1 0.001
10 0.47 0.01
30 1.4 0.04
100 4.8 0.06
300 14 0.19
1000 46 0.64
7500 359 7.61

These results for DEHP, that is, the fit of the dose
response models to the noncancer data sets and the lack
of appreciable change in estimates of BMDs and BMDLS
suggested that while kinetics may contribute somewhat
to the observed dose-response behavior, the observed
reproductive/developmental effects are likely more
closely related to pharmacodynamics and to exposure to
the animals during critical windows of development.

Use of a dose metrics in cancer risk assessment

As was conducted with the noncancer endpoints, inter-
nal dose metrics can be incorporated into the dose-
response assessment for cancer endpoints. Using the
Voss et al. (2005), BMD modeling was conducted using
AUC MEHP as the dose metric in conjunction with all
three cancer endpoints of interest (liver, pancreatic aci-
nar cell and Leydig cell tumors) (Table 41). Unlike many
of the noncancer endpoints, adequate fits of multiple
dose-response models were achieved for most of the
cancer endpoints using external dietary concentrations
expressed in mg/kg/day as the dose metric for BMD
modeling.

In comparing the fit of the data in the dose response
models using the experimentally administered dose to
estimate the human external dose, e.g., dietary dose, to
that derived using the human PBPK model, it does not
appear that consideration of the pharmacokinetics of
DEHP significantly impacted the fit of the dose-response
models to the cancer data. For example, the animal POD
based on the application of the log-logistic model to
the incidence of all Leydig cell tumors from Voss et al.
(2005) (97mg/kg/day) (Table 32), results in a human

Blood AUC/t
ADULT diet Concin  Dosemg/ (mg/L)
Study Species  feed (ppm) kg/day Male Female
Voss Rat 30 0.41
et al.,2005 95 1.42
300 5.90
David Mouse 13 0.11 0.10
etal., 1999 65 0.56 0.54
195 1.86 1.78
780 11.94 11.18
Rat 5 0.07 0.07
25 0.34 0.36
125 1.92 2.03
625 20.37 20.85
David, Rat 5.8 0.08
2000 28.9 0.39
146.6 2.32
789 35.75
NTP, 1982 Mouse 3000 366 3.77
6000 731 10.04
3000 334 3.53
6000 669 9.28
Rat 6000 438 10.82
12000 875 49.05
6000 300 5.84
12000 600 18.69

equivalent POD approximately 26 mg/kg/day by apply-
ing a body weight®* animal-to-human extrapolation
factor. The incorporation of the dose-metric AUC MEHP
did not significantly affect fit of the dose response model
(p=0.948 using external concentrations versus p =0.884
using AUC MEHP). Application of the human PBPK
model to estimate the external dose associated with the
POD of approximately 2mg/L blood of MEHP (Table 41)
resulted in an external concentration of approximately
22mg/kg/day, assuming chronic exposure in the human.
Comparison of these human equivalent PODs (26 versus
22 mg/kg/day), which are less than a factor of 2 different,
suggested that the application of default approaches to
account for animal-to-human differences in pharma-
cokinetics and pharmacodynamics are appropriate in
the case of DEHP. This may not be applicable to all com-
pounds, but could be investigated by the risk assessor, if
the appropriate models and data are available.

Route-to-route comparison

Incorporation of PBPK modeling into the dose-
response assessment not only allows for conducting
dose-response modeling with an internal dose metric,
rather than external exposure, but also allows com-
parison from route-to-route, based on an internal tar-
get tissue concentration or a surrogate, such as blood
concentration of parent or metabolite. In the case of
DEHP, limited inhalation data were available. The stud-
ies conducted by Ma et al. (2006) and Kurahashi et al.
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Table 40. BMD modeling results for selected noncancer endpoints incorporated dose metrics estimated using the PBPK model.

Animal Values
Study Sex/ Species  Endpoint Dose Units Model AIC p-Value BMD BMDL
Grande Female Age at AUC pup blood Hill 1080.68 0.0101 46.98 Failed
etal., 2006 offspringof  vaginal (gestation Linear 1086.54 0.0010 6.23 4.18
Wistar Rats  opening and lactation Polynomial 1081.58  0.0072 2.85 1.38
;‘;glb;ﬁzdzrxth Power 108454 0.0019 6.23 4.18
Groups
Andrade Male Anogenital AUC pup blood Hill 587.14 0.5817 Failed
etal.,2006a offspring of Distance (gestation Linear 597.86 0.0228 10.65 4.61
Wistar Rats  PND 22 and lactation Polynomial 597.86  0.0228 10.65 4.61
combined) Power 597.86  0.0228 10.65 4.61
Male Day of AUC pup blood Gamma Failed
offspringof  preputial (gestation Logistic 497.86 0.0007 2.33 1.30
Wistar Rats ~ opening and lactation Log-Logistic 497.71  0.0007 1.75 0.70
Eg;aggggd combined) Log-Probit 500.28  0.0003 4.78 1.79
and > 38) Multistage 497.77 0.0007 1.99 0.94
Probit 497.85 0.0007 2.31 1.28
Weibull 497.77 0.0007 1.99 0.94
Andrade Male decreased AUC pup blood Hill non- 902.83 0.0076 0.08 Failed
et al.,2006¢c offspring of sperm (gestation homogenous
Wistar Rats ~ production  and lactation Hill homogenous  911.18 0.0021 0.01 0.00
combined) Linear 95217 <.0001 5.99 451
Polynomial 952.17 <.0001 5.99 4.51
Power 952.17 <.0001 5.99 4.51

Table 41. BMD modeling results for cancer endpoints from Voss et al., (2005) incorporating dose metrics estimated using a PBPK model.

Animal Values Human Values
Human
Equivalent
Voss et al.,2005 Model p-Value BMD BMDL, BMDL *  Linear CSF®
Male Rats Pancreatic Gamma 122.02 0.773 4.65 3.42 0.91 1.1E-01
Acinar Cell Logistic 120.36 0.810 4.87 4.21 1.12 8.9E-02
Adenoma Log-Logistic 122.02 0.770 4.74 3.43 0.91 1.1E-01
Log-Probit 122.02 0.776 4.47 3.24 0.86 1.2E-01
Multistage 120.02 0.958 4.80 3.58 0.95 1.1E-01
Probit 120.59 0.730 4.68 3.92 1.04 9.6E-02
Weibull 122.02 0.770 4.79 3.50 0.93 1.1E-01
Male Rats Al Liver Gamma 216.14 0.591 5.01 2.12 0.56 1.8E-01
Neoplasms Logistic 215.07 0.554 3.48 2.47 0.66 1.5E-01
(Only Terminal 1 0 1 oigic 216.14 0.591 5.34 2.08 0.55 1.8E-01
i?flfrﬁse) Log-Probit 216.14 0.591 4.95 2.36 0.63 1.6E-01
Multistage 214.18 0.849 4.39 2.14 0.57 1.8E-01
Probit 215.20 0.524 3.38 2.32 0.62 1.6E-01
Weibull 216.14 0.591 5.38 2.12 0.57 1.8E-01
Male Rats  All Leydig Cell Gamma 701.26 0.868 3.90 1.99 0.53 1.9E-01
Tumors Logistic 701.40 0.809 4.30 2.60 0.69 1.4E-01
Log-Logistic 701.22 0.884 3.78 1.81 0.48 2.1E-01
Log-Probit 702.13 0.559 4.91 3.07 0.82 1.2E-01
Multistage 701.26 0.868 3.90 1.99 0.53 1.9E-01
Probit 701.38 0.817 4.24 2.51 0.67 1.5E-01
Weibull 701.26 0.868 3.90 1.99 0.53 1.9E-01

* Human BMDL,  values are computed from the animal values by multiplying by the animal BMDL, by the body-weight* animal-to-
human extrapolation value.
" Calculated as CSF=0.1/Human Equivalent BMDL
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(2005) provided data for route-to-route comparisons in
the animal.

Application of a multi-route PBPK model allows
the risk assessor to compare the internal dose met-
rics across routes of exposure and estimate external
concentrations in like units (i.e., express external con-
centrations for an inhalation study in mg/kg/day oral
dose), rather than applying standard unit conversions.
For example, comparison of dose metrics predicted for
inhalation and oral gavage studies in which animals
were exposed postnatally (Table 37), with comparable
periods of exposure (PND 21-41 or 22-84), suggested
that blood concentrations following administration of
5mg/m? in air, using the exposure protocols applied by
Ma et al. (2006) and Kurahashi et al. (2005), are com-
parable to concentrations following administration of
approximately 1 mg/kg/day via gavage, as administered
by Akingbemi et al., (2001). These modeling results
also suggested that exposure to an air concentration of
25 mg/m3 would be comparable to 10 mg/kg/day using
these same exposure protocols in the animal. These
types of comparisons across routes may be important
to the risk assessor to integrate data related to a poten-
tial MOA, especially if information across routes may
be used to fill data gaps.

Integration of Data

As discussed previously, traditional risk assessment has
relied mainly on a single endpoint in a single species to
define the potential for adverse events in a population
of interest. However, as guidelines have evolved, a new
“vision” of risk assessment is emerging that suggests not
only an expansion of the types of data to be considered
when making risk assessment decisions, but also is mov-
ing towards harmonizing cancer and noncancer assess-
ments (USEPA, 2005). The proposed approach focuses
on an understanding of background disease processes
and chemical exposures (NAS, 2007) and the MOAs that
may affect a chemical’s dose-response relationship in
humans (NAS, 2009). The intent is to move away from
whole animal testing, focusing on cellular events in the
human and to the potential impact of perturbations at the
cellular level on the development of disease (NAS, 2009).
Therefore, the identification of dose-related transitions
at the cellular levels and concentrations that result in
biological perturbations that may lead to adverse effects
becomes a critical component in making decisions in
risk assessment.

This integration of data has not only been outlined in
guidelines as it related to a single compound, but also
for multiple compounds that may have similar adverse
effects. In the recent report by NAS (2008) on Phthalates
and Cumulative Risk Assessment, the committee strongly
recommended chemicals that cause common adverse
outcomes be grouped for consideration and not focused
exclusively on structural similarity or on similar mecha-
nisms of action.

With these proposed changes in how risk assessment
is approached by the assessor, it becomes increasingly
important to integrate the information provided by the
available data, rather than focusing on individual end-
points from individual studies. One approach to integrate
the available noncancer toxicological data for DEHP
would be to consider the combined results from multiple
reproductive/developmental studies.

When considering reproductive/developmental
effects, there are multiple windows of development
that may provide opportunities for a chemical to elicit
adverse effects in the offspring. In the case of DEHP,
recent studies have focused on the evaluation of three
potential windows of exposure: prenatal, postnatal
and multigenerational. These studies provide a wealth
of information on a variety of endpoints across a wide
range of exposure concentrations and multiple routes of
exposure. While quantitative approacheswithincreasing
complexity can be incorporated into a risk assessment,
when sufficient data are available, other approaches can
also be applied, which appear simplistic in nature, but
can allow the risk assessor to readily see patterns within
and across studies that can inform potential MOA, as
well as the shape of the dose-response curve. A more
simplistic approach may be preferable, especially for a
database, such as that for DEHP with multiple exposure
periods, time points for measurement of change, and
a large number of potentially interrelated biological
endpoints.

As an example, while the results of the available stud-
ies suggest that the prenatal period may be the most sen-
sitive, based on effects in male rats, it could be difficult
to select a NOAEL/LOAEL or apply the BMD method to
an individual endpoint. Especially when the shape of the
dose-response curves are nonmonotonic, as is demon-
strated with some of the endpoints considered for DEHP
as part of this evaluation.

The studies conducted during the prenatal period
through PD20 (Andrade et al., 2006¢; Andrade et al.,
2006b; Andrade etal., 2006a; Grande etal., 2006; Grande
et al., 2007), allow evaluation of the results for multiple
endpoints at multiple time points in both male and
female rats following gavage administration of a wide
range of DEHP doses (0.015-405mg/kg/day). When
evaluating the changes across endpoints, a pattern
emerges of transitional changes in multiple endpoints
in the male rat from the lowest dose tested (0.015mg/
kg/day gavage) to doses greater than 500 mg/kg/day
(Table 42). When focusing on doses of 10 mg/kg/day
and lower, the endpoints (i.e., increased anogenital
distance, decreased sperm production, increased tes-
tes weight) observed in the studies in which DEHP was
administered by gavage are consistent with an increase
in testosterone (Andrade et al. 2006¢; Ge et al. 2007a).
However, as dose increases a transition from effects
that were consistent with an increase in testosterone to
effects that were consistent with a decrease in testos-
terone is observed.
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In the studies in which DEHP was administered
postnatally either via gavage (Akingbemi et al., 2004;
Akingbemi et al., 2001; Ge et al., 2007a) or via inhala-
tion (Kurahashi et al., 2005; Ma et al., 2006), a similar
pattern in dose-dependent transitions was observed.
Ge et al.,, (2007b) have suggested a “biphasic” response
following gavage administration of DEHP (an increase
or a decrease depending upon duration of exposure).
However, Noriega et al. (2009) recently investigated the
potential non-monotonic nature of the shape of the
dose-response curve for DEHP and effects in prepuber-
tal male rats following administration of gavage doses
from 10 to 900 mg/kg/day. The results of Noriega et al.
(2009) study, conducted in both male Sprague-Dawley
and Long-Evans rats did not demonstrate a “biphasic”
dose-response curve. What becomes important for the
risk assessor in evaluating data when there are conflict-
ing data and interpretations, e.g., whether or not there
is a “biphasic” effect, is to focus on the relevance of the
various endpoints and exposure methods to humans.
An important observation, from a risk assessment per-
spective, emerges from this exercise of integrating the
available noncancer data for DEHP. That is, while there is
evidence of a dose-dependent transition in effects asso-
ciated with changes in testosterone following both gav-
age and inhalation exposure to DEHP, no similar pattern
in responses is observed in the Noriega et al. (2009) or
multigenerational study conducted by NTP (2004). The
multigenerational study is the only reproductive/devel-
opmental study considered as part of this case study in
which DEHP was administered in the diet over the entire
life cycle, the most relevant route of exposure for humans.
It would be expected that the risk assessor would have
more confidence in the results of the dietary study than
those studies in which DEHP was administered by gav-
age, because it is the more relevant route of exposure in
humans.

Another approach that could be used to integrate
the available noncancer data would be to compare the
PODs identified from the data by incorporating the con-
fidence in the POD, based on both the study design and
relevance to human health. This approach allows the risk
assessor to compare the PODs across endpoints within
the observable range of the data without the application
of default UFs. In the case of the studies considered for
DEHP, because of the inability of dose-response mod-
els typically applied in risk assessment (i.e., Multistage,
Log-Logistic) to adequately fit the dose-response data
for many of the noncancer endpoints for DEHP, the
NOAELs and LOAELSs can be compared visually by plot-
ting on a graph (Figure 10). The bolder lines in Figure 10
are the NOAELs and LOAELs associated with the NTP
(2004) multigenerational study, which based on route
of administration and duration of exposure for this case
study would be most relevant to human health. The
dashed lines in the lower dose region of Figure 10 are
the NOAELs and LOAELs based on statistical analyses
of the Andrade et al., (Andrade et al., 2006¢; Andrade
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et al., 2006b; Andrade et al., 2006a) studies, but have
questionable relevance to human health (IPCS 2005);
therefore, the risk assessor is unlikely to place high con-
fidence in these endpoints. The medium weight lines are
the NOAELs/LOAELS reported in the postnatal studies.
While these endpoints have potentially more relevance to
human health, the confidence would not be considered
as high as the results from NTP (2004) when comparing
gavage versus dietary exposure, as well as comparison of
chronic multigenerational to bolus gavage dosing dur-
ing potential critical windows of exposure.

This type of approach can also be applied to the PODs
for cancer endpoints (Figure 11). In Figure 11, the dashed
lines represent the PODs associated with liver tumors,
which are the most questionable for predicting human
health. Because the relevance of pancreatic acinar cell
and Leydig cell tumors (all benign) to human health is
still uncertain but currently considered more relevant
than rodent liver tumors, the lines associated with the
PODs for these tumors is a line, rather than a dashed
line.

This approach then allows the risk assessor to integrate
the PODs for cancer and noncancer by visually inspect-
ing the relationship among the confidence lines placed
on the individual studies and endpoints within a study
(Figure 12). In the case of DEHP, the lowest POD, consider-
ing both noncancer and cancer endpoints, is a NOAEL for
50mg/kg/day associated with the multigenerational study
conducted by NTP (2004). The next POD is associated with
the BMDL of 97 mg/kg/day is estimated based on the inci-
dence of Leydig cell tumors in the male rat, reported by
Voss et al. (2005). This type of graphical integration allows
the risk assessor to easily see the relationship between
noncancer and cancer PODs. Considering MOA, in com-
bination with the relationship between PODs, would
assist the risk assessor in making decisions as to whether a
single POD could be relied upon in the determination of a
Reference Dose or Concentration that would be protective
for both noncancer and cancer endpoints.

As discussed previously, there are several MOAs pre-
sented for the noncancer and cancer endpoints observed
in animals following exposure to DEHP. However, there
are key events in common, such as receptor-mediated
events (PPARa activation) that could be initiated events
in the development of both noncancer and cancer
endpoints. This type of evidence may be relied upon to
justify the harmonization of endpoints, allowing the risk
assessor to select one POD that could be used in deci-
sion-making related to the potential for human health
effects.

These approaches for combining information demon-
strate that the integration of all the available toxicological
datais critical to understanding the potential relationship
between responses and exposure and predictions of
human health outcomes, and aid in combining what is
known regarding the biological processes that may be
impacted following chemical exposure. The traditional
method of reviewing studies and individual datasets
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within studies in isolation can be misleading and result
in reliance upon an endpoint that may not be relevant to
human health or may not be as protective as necessary

While these approaches do not include application
of complex quantitative models, this type of integration
across studies can provide a form of “biologically based
dose-response” assessment that is highly informative to
a risk assessor, without required knowledge of complex
mathematical approaches. It also points out that consid-
eration of those routes of exposure relevant to human
populations must be given highest priority.

Exposure Assessment/Biological Monitoring

A standard exposure assessment is typically an attempt
to quantify the amount of chemical to which individuals
may be exposed under specific conditions by defining
the intensity, frequency and duration of that exposure. In
the case of DEHP, the availability of human monitoring
data from the NHANES (CDC, 2005) study, in combina-
tion with availability of a PBPK model, provides the risk
assessor a unique opportunity to compare a POD to an
external concentration associated with measured urine
concentrations in the general population. This compari-
son could then be used instead of a standard exposure
assessment that often contains numerous assumptions,
and therefore uncertainties, related to characterizing
exposure in the general population. Understanding
human biomonitoring results in the context of risk is
necessary for risk-based decision making. Without a risk
context, biomonitoring results can cause alarm, foster
precautionary actions, product de-selection and calls for
legislative/regulatory actions. In particular, identifica-
tion of chemicals in the blood of adults can raise concern
for effects of early life exposure, but biomonitoring data
is seldom available for this period.

NHANES II and III (CDC, 2005) reported levels of
MEHP as well as mono-(2-ethyl-5-oxohexyl) phthalate
(MEOHP) and mono-(2-ethyl-5-hydroxyhexyl) phthalate
(MEHHP) in urine. For the primary metabolite, MEHP,
levels in urine for NHANES III were 4.1 ng/ml (median)

with a 95" percentile of 38.9ng/ml for all subjects aged
6 and older (n=2782). These values were slightly higher
than the values reported in NHANES II, which were
3.2ng/ml (median) with a 95" percentile of 23.8 ng/ml.
For MEOHP and MEHHP, both secondary metabolites of
DEHP (measured for NHANES III only), the levels were
somewhat higher than MEHP with a median of 20.1 ng/
ml and 14.0 ng/ml and 95" percentiles of 192 and 120 ng/
ml, respectively. Similar urine levels of MEHP were
reported in a small sample of Germans (Fromme et al.,
2007) where median levels of 4.0 and 6.4ng/ml were
reported for male (n=23) and female (n=27) subjects.
The 95" percentiles were 12.8 and 9.1ng/ml for males
and females, respectively. Koch et al. (2003) reported
the concentration of several DEHP metabolites in the
first urine void of the day, including MEHP, MEOHP and
MEHHP, in 85 German subjects. The median concentra-
tions were somewhat higher in first voids with MEHP
being 10.3ng/ml, MEOHP being 36.5ng/ml and MEHHP
being 46.8 ng/ml. The 95" percentiles were 37.9, 224 and
156 ng/ml, respectively, for MEHP, MEOHP and MEHHP.
A retrospective study of phthalate biomonitoring data
collected over the last two decades (Wittassek et al., 2007)
showed nearly 50% decline in urinary MEHP, MEOHP
and MEHHP concentrations from 1988 to 2003 with
median MEHP concentrations falling from 9.4ng/ml to
4.6ng/ml.

To provide an estimate of the distribution of inges-
tion rates in a population generated using the PBPK
adult model that could be associated with the published
NHANES biomonitoring data, probability distributions
for each model parameter were determined from the lit-
erature and used in a Monte Carlo analysis. The param-
eter distributions used in this Monte Carlo analysis for
DEHBP, expressed as means and coefficients of variation
(CV + standard deviation/mean), are defined in Table 33.
The standard deviations for the physiological parameters
were based on the previously published Clewell model
for methylmercury (Clewell et al., 1999). In most cases,
the means of the distributions were the parameter values
identified during the development and validation of the

Table 42. Integration of noncancer effects by administered dose of DEHP.

Effects at Doses of

Route and Duration 0.015 to 10mg/kg/day

>10 to 500 mg/kg/day >500mg/kg/day

Gavage (from gestation to < 20 days
postnatal)

anogenital distance 1
sperm production |
testes weight 1

Gavage and Inhalation (greater than male testosterone levels A

20 days postnatal) Leydig cell proliferation 1
seminal vesicle weight 1
onset of puberty 1
Dietary (multigen) ---
F2 onset of puberty |

anogenital distance | anogenital distance |
sperm production | ---

testes weight T testes weight |
onset of puberty | ---

seminal vesicle weight | seminal vesicle weight |
male testosterone levels | male testosterone levels |

Leydig cell proliferation { ---

.- testes weight |

- onset of puberty |
- F1 onset of puberty |
F2 onset of puberty | ===

F3 onset of puberty | ---

Increase in Testosterone, Decrease in Testosterone
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model described above. Normal distributions were used
for plasma flows and tissue volumes, while lognormal
distributions were used for partition coefficients and
kinetic parameters. To avoid physiologically implausible
values, the distributions were truncated at three standard
deviations of the mean.

To perform the Monte Carlo simulation for reverse
dosimetry based on the population data published in
NHANES III, the human model was employed without
pregnancy models. The probability distributions for each
of the PBPK model parameters were repeatedly sampled,
and the PBPK model was run using each chosen set of
parameter values. Random sampling was performed in
acslX (ver. 2.4, Aegis Technologies). It was determined
that 1000 iterations were adequate to ensure the repro-
ducibility of the mean and standard deviation of the
output distributions as well as the 50th through 95th per-
centiles. The output of the Monte Carlo simulation was a
distribution of urine MEHP concentrations (average total
MEHP including free and conjugated). Coupled with the
Monte Carlo analysis, reverse dosimetry was employed to
estimate the distribution in exposures associated with the
urinary MEHP biomonitoring data for women reported
in NHANES III (CDC, 2005) based on the methodology
previously published by Tan et al. (2007; 2006). Briefly,
to estimate external exposures consistent with the mea-
sured biomonitoring data, the Monte Carlo version of
the PBPK model was used to predict the distribution of
urinary MEHP concentrations given a series of continu-
ous time-weighted average exposures. The output distri-
bution was then inverted to obtain a distribution of an
“exposure conversion factor” (ECF) in units of (ug/kg/day
DEHP intake) per (pg/L MEHP in urine). The distribution
of ECFs can then be multiplied by the distribution in the
measured biomonitoring data to estimate a distribution
of DEHP intakes per day. Exposures ranging from 0.001
to 91.2 pg/kg/day DEHP intake in increments of 10%3
were necessary to reproduce the reported distribution
of MEHP concentrations in urine including the 50" and
95 percentiles. Simulations were run for 1000 h to ensure
steady state conditions and then the average concentra-
tion in urine was calculated for another 336 h.

The results from the reverse dosimetry with the human
DEHP PBPK Monte Carlo simulations are shown in
Figure 13 and Table 43. The estimated median exposure
was 1.45 pg/kg/day, with 5™ and 95" percentiles of 0.13
and 20.4 pg/kg/day.

Risk Characterization/Margin of Exposure

The risk characterization step of a standard risk assess-
ment combines the exposure and dose-response assess-
ments and estimates the potential for an adverse health
effect under various conditions of human exposure
described in the exposure assessment. The overall risk
characterization lets the risk manager and others know
why an agency or individual assessed the risk in a par-
ticular way (USEPA, 2000b), Particularly in terms of the
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Figure 10. Comparison of NOAELs/LOAELs for DEHP Noncancer
Endpoints Considering Confidence.
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Figure 11. Comparison of BMDLs for DEHP Cancer Endpoints
Considering Confidence.

available data and its analysis, uncertainties, alterna-
tive analyses, and the choices made. A good risk char-
acterization will restate the scope of the assessment,
express results clearly, articulate major assumptions and
uncertainties, identify reasonable alternative interpreta-
tions, and separate scientific conclusions from policy
judgments.

USEPA (2000b) guidelines indicate that, while it is
generally preferred that quantitative uncertainty analy-
ses are used in each risk characterization, there is no
single recognized guidance that currently exists on
how to conduct an uncertainty analysis. Nonetheless,
risk assessors should perform an uncertainty analysis.
Even if the results are arrived at subjectively, they will
still be of great value to a risk manager. The uncertainty
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analysis should, in theory, address all aspects of a human
health risk assessment, including hazard identification,
dose-response assessment, and exposure assessment.
Uncertainty analysis should not be restricted to discus-
sions of precision and accuracy, but should include
such issues as data gaps and models. One purpose is to
identify those uncertainties that if reduced (e.g., about
whether or not we know if the agent causes cancer, about
whether or not we know what happens at low doses, that
we know the exposure only occurs in certain specific
locations) or the policy choices and management deci-
sions that if changed would make a real impact on the
risk assessment.

Traditionally, exposure assessments are based on
the concentration of a chemical in a particular media,
such as drinking water or food. These concentrations are
adjusted by exposure patterns and durations and com-
pared to an acceptable concentration, such as the RfC, for
the risk characterization portion of a risk/hazard assess-
ment. However, in the case of DEHP, biomonitoring stud-
ies have been conducted in which DEHP was measured
in human urine (CDC, 2005). This, in combination with
the application of a PBPK model, allowed for comparison
of external concentrations associated with the distribu-
tions of urinary concentrations to the PODs that have
been determined as part of the standard dose-response
modeling. The application of a Monte Carlo analysis in
conjunction with the PBPK model to estimate external
concentrations allows the risk assessor to consider the
potential variability in intake values that may be associ-
ated with the distribution of concentrations in biological
media.

When evaluating the integration of PODs for noncan-
cer and cancer for which the risk assessor would have
high confidence (Figure 12), the lowest POD (50 mg/kg/
day) was associated with the NOAEL for changes in age
at preputial separation reported by NTP (2004) following
multigenerational dietary exposure to DEHP. The next
highest POD was 97 mg/kg/day, which is the BMDL asso-
ciated with the incidence of Leydig cell tumors reported
by Voss et al. (2005), also following dietary exposure to
DEHP.

The results of the reverse dosimetry of the NHANES
(CDC, 2005) study suggest that exposures to DEHP in the
general population would have a median value of 1.45 pg/
kg/day, with 5" and 95" percentiles of 0.13 and 20.4 pg/kg/
day. When compared to the lowestnoncancer POD (50 mg/
kg/day) a Margin of Exposure (MOE) would be approxi-
mately 27000 at the median and approximately 2500 at the
95" percentile. For the lowest cancer POD (97 mg/kg/day),
a MOE of approximately 52000 at the median and approxi-
mately 4800 at the 95™ percentile could be estimated.

Knowledge of these MOEs, outside of the applica-
tion of UFs, can help a risk assessor in making decisions
related to the relationship between concentrations that
are known in animals to result in adverse events and
those concentrations representative of potential human
exposure, as well as the need for and the magnitude of

UFs. It provides insights on whether the application of
the typical default UF for noncancer effects or the appli-
cation of low-dose extrapolation for cancer effects would
suggest a significant portion of the population would be
expected to have a potential for adverse events, depend-
ingupon the MOA of the compound of interest. The MOEs
developed as part of this assessment suggest a decreased
concern for effects due to the magnitude of the MOEs.

8.0 Discussion

Over the past decades, advances have been made in
the scientific methods and approaches now considered
in the field of human health risk assessment. Research
technologies have progressed to provide more accurate
and reliable information that can be considered in risk
assessment. This, in combination with significant revi-
sions to the standard guidelines for both noncancer and
cancer risk assessment, allow for the integration of more
biological information into the risk assessment process
than in the “traditional” risk assessment approaches.

The objective of this case study for DEHP was to
incorporate innovative approaches into each step
of the risk assessment process. DEHP is a “data rich”
compound in the class of phthalate compounds. It
has been well studied in animals following oral expo-
sure; however, there is limited information in humans.
DEHP was selected as the demonstration compound
for this case study because the knowledge base on what
effects result from exposure to this compound is well
characterized and the potential modes of action for
some endpoints have been hypothesized. The selection
of a chemical with this type of database would allow for
the incorporation of advanced methods into the risk
assessment paradigm without significantly increasing
uncertainty.

The initial expectations were that the available data
for DEHP would lend themselves to incorporation of
new quantitative approaches that would improve on the
NOAEL approach and even the BMD approach, espe-
cially consideration of PBPK modeling in defining target
tissue doses and corresponding external doses that could
be used as PODs.

As this case study proceeded, several challenges
were encountered that did not advance the analyses
in the manner expected, in particular, the application
of certain mathematical modeling approaches that are
becoming a standard approach in current risk assess-
ments: BMD models and PBPK models. Several lessons
can be learned from this case study regarding current
guidelines for risk assessment and the challenges that
risk assessors face.

First, it is generally considered that the incorporation
of mathematical models, with increasing complexity, is
often needed to adequately characterize dose-response
relationships. This case study demonstrated that statis-
tical dose-response and complex PBPK models do not
always improve dose-response assessments above the
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older NOAEL approach when the experimental data
is also complex, presents conflicting or unexplained
results, e.g., the biphasic responses for reproductive/
developmental milestones, or the MOA is not or only
partially understood.

This case study further demonstrated that simplistic
approaches (e.g. Figures 10-12) that allow for integration
of all the available toxicological data can be critical to
understanding the biological processes being impacted.
In particular, these types of approaches may highlight
the interplay between events that may be related to a
proposed MOA for the effects observed following chemi-
cal exposure. This type of integration of data can assist
in the identification of dose-dependent transitions in
effects and provide a form of “biologically based dose-
response” assessment without the incorporation of
complex mathematical approaches. This is not to suggest
that mathematical approaches, especially incorporation
of pharmacokinetic processes through the use of PBPK
modeling, are not valuable; however, differences in phar-
macokinetics are not always the critical factor for the use
of animal data to be relevant and predictive of human
health outcomes from exposure to the specific chemical.

This case study also highlighted issues that may
develop if researchers focus on endpoints that may not
be relevant to human health (i.e., the effects observed
following gavage administration of DEHP) or if too much
emphasis is placed on the review of individual studies
and individual datasets (i.e., trying to select a POD based
on the available NOAELSs in isolation). This is reflected
in the question a risk assessor would face with DEHP of
whether or not biphasic effects are observed in animal
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studies following gavage dosing or inhalation exposure.
While there are multiple studies demonstrating this effect
(Andrade et al., 2006a; Ge et al., 2007a; Kurahashi et al.,
2005; Ma et al., 2006) and others that do not (Noriega
et al., 2009), the study that is probably most relevant to
human health, a multigenerational dietary study in rats,
shows no evidence of such an effect. Therefore, consider-
ation of those routes of exposure most relevant to human
populations and for those endpoints that are biologically
relevant to human health must be given highest priority
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Figure 12. Integration of Higher Confidence PODs for Noncancer
and Cancer Endpoints
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when interpreting toxicological data for risk assessment
purposes.

This case study encountered some unusual dose-
response relationships that were difficult for standard
dose-response models to capture. It is likely that the
issues encountered as part of this exercise are not limited
to DEHP, but are also important for other receptor-medi-
ated compounds or compounds that “perturb” biological
pathways, such as endocrine active compounds. What is
significant about several of the approaches applied in this
case study to integrate data is that they do not necessarily
require the identification of a single or specific MOA to
justify the shape of the low-dose region or a threshold,

Table 43. Exposure distribution for females aged 7 to 75 as
determined from reverse dosimetry using the DEHP PBPK
model.

Cumulative

Exposure Fractional distribution No. Iterations
(ng/kg/day) frequency (Percent) for MC analysis
0.0010 0.00039 0.00039 39
0.0014 0.00040 0.00079 40
0.0019 0.00041 0.0012 41
0.0026 0.00044 0.0016 44
0.0035 0.00052 0.0022 52
0.0047 0.00063 0.0028 63
0.0063 0.00082 0.0036 82
0.009 0.00115 0.0048 115
0.011 0.00137 0.0061 137
0.015 0.00178 0.0079 178
0.021 0.00250 0.0104 250
0.028 0.00341 0.014 341
0.038 0.00462 0.018 462
0.051 0.00611 0.025 611
0.069 0.00817 0.033 817
0.093 0.01077 0.043 1077
0.126 0.01558 0.059 1558
0.170 0.02000 0.079 2000
0.229 0.02632 0.105 2632
0.309 0.03453 0.140 3454
0.417 0.04753 0.187 4753
0.562 0.05863 0.246 5863
0.759 0.07310 0.319 7310
1.02 0.08210 0.401 8210
1.38 0.08586 0.487 8586
1.86 0.08533 0.572 8533
2.51 0.08053 0.653 8053
3.39 0.07233 0.725 7233
4.6 0.06265 0.788 6266
6.2 0.05178 0.840 5178
8.3 0.04259 0.882 4259
11.2 0.03314 0.916 3314
15.1 0.02607 0.942 2607
20.4 0.02071 0.962 2071
27.5 0.01513 0.977 1513
37.2 0.01016 0.988 1016
50.1 0.00669 0.994 669
67.6 0.00371 0.998 371
91.2 0.00202 1.00 202

but integrate the data in a manner that the shape of the
dose-response curve is described by all of the available
data. While in most cases the MOA cannot be determined
with absolute certainty, the weight of the evidence must
be considered.

With the new NAS vision (NAS, 2007; NAS, 2009)
and the guidance towards incorporating more bio-
logical considerations in the risk assessment process,
as demonstrated by the cumulative risk guidelines and
proposed new toxicity testing (i.e., genomics, biological
perturbations), the paradigm for risk assessment and
toxicity testing is shifting from a “top-down” approach
to a “bottom-up” approach. This approach demands that
the risk assessment not only understand the tools typi-
cally applied in risk assessment, but also the underlying
biological processes involved in the endpoint of interest.

As demonstrated in the case of DEHP, data supporting
the initiating event involved in the endpoints of interest
is needed to enable the risk assessor not only to integrate
the toxicological data, both noncancer and cancer, but
also understand the relationships among endpoints and
the possible shape of the dose-response curve in the
low dose region of interest for human exposures. In the
case of DEHP, the available data suggested a relation-
ship between the observed responses in animals, both
cancer and noncancer, and changes in testosterone for
both noncancer and cancer endpoints. However, it is also
evident that there are significant data gaps that prevent
the risk assessor from drawing firm conclusions.

DEHP is a well-studied compound with a rich data
base of in vivo studies conducted in animals. It presents
a selected set of challenges often faced by risk assessors
in applying the “top down” approach. However, with the
move towards the “bottom up” approach, which focuses
more on changes at the cellular or gene level, risk assessors
will face anew set of challenges. The traditional approaches
that have been applied in risk assessment are not easily
applied to a wealth of information that is currently being
generated for rapid screening or high throughput.

The scientific and risk assessment community has
embraced the integration of MOA information into the
risk assessment process, as is evident in the latest USEPA
cancer guidelines (USEPA, 2005) and the IPCS (2005)
guidelines, as well as recent risk assessments conducted
by the Office of Research and Development (e.g. EGME)
and the Office of Water and the Office of Pesticide
Programs (e.g. DMA) within the USEPA. However, the
consideration of MOA remains mostly a decision point
in selecting a method for low-dose extrapolation (i.e.,
linear versus nonlinear). The incorporation of biological
information into the risk assessment process continues
to be difficult due to the rigidity of the methods currently
embraced by regulatory agencies.

Value of information is missing from most of the cur-
rent risk assessments being conducted. While most risk
assessments point out the uncertainties or concerns
in the use of the available data, little thought is given to
the key data that would change the risk assessment and
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reduce uncertainty. Identifying those data that would
resultin a different “number” is critical, especially if those
data refine an understanding of the underlying biological
processes and, therefore, decrease the uncertainty in the
risk assessment outcome. While scientists engaged in
research can certainly make recommendations regarding
data generation, these scientists are often too engaged in
a specific area or experimental method. It becomes the
duty of the risk assessor to provide the recommenda-
tions on what data are truly needed to improve the risk
assessment for a compound of interest. Communication
between the risk assessor and the research community
becomes a critical component of the risk assessment
process if research is truly conducted to improve our
understanding of the potential for adverse events in both
the general population and sensitive subpopulations.

The challenges, such as those demonstrated by the
DEHP case study, should encourage communication
between risk assessors and researchers to answer the
questions,

o What are the residual concerns?

o What are the major data gaps?

o What studies are needed?

o What research will best inform the next risk assess-
ment conducted for this compound?

The answers to these types of questions will move the risk
assessment for individual chemicals, as well as the risk
assessment paradigm, forward towards realizing the NAS
vision.
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All the continuous models were run using a BMR of one standard deviation.

Hill model

vxd"
d)y=y+——
md)=y+

Parameters:

o u(d)is the mean value of the response at dose d,
o yisthe background response value,

o kistheslope,

o nisthe power (restricted to >= 1), and

» vindicates the sign or direction of the change in response with increased dose.
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Linear Model
,u(d) = ﬁo +131 xd
Parameters:

¢ u(d)is the mean value of the response at dose d,
 f,is the background response value, and
o 3, is the linear coefficient or slope.

Polynomial Model
w(d)=B,+ B xd+B,xd* +--+p,xd"

Parameters:

u(d) is the mean value of the response at dose d,
3, is the background response value,

 f,...B are the polynomial coefficients, and

¢ kisthe polynomial degree.

Note that the coefficients are for the polynomial are
restricted to all non-negative or all non-positive (depend-
ing on the direction of change of the response with
increasing dose) to prevent wavy dose response curves.

Power Model
u(d)=y+pxd”

Parameters:

o u(d)is the mean value of the response at dose d,

o vy isthe background response value, and

o fisthe slope, and

e a is the power term (restricted to >=1 to prevent
supralinear curves where the dose-response curve
has an infinite slope as the dose approaches zero).

Dichotomous (Quantal) Models
All dichotomous models were run using a BMR of 0.1
(10%) extra risk.

Gamma Model

1 pxd
P(d)—}/"'(l—j/))(%x 0

“etde

Parameters:

e P(d) is the probability of the response occurring at
dose d,

o vy isthe background probability value,

o fisthe slope, and

o aisthe power term (restricted to >=1).

Logistic model

1

P(d) = 14 &7 P

Parameters:

e P(d) is the probability of the response occurring at
dose d,
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¢ vy isthe background probability value, and
¢ fisthe slope.

Logistic model

1
Pld) = Tr—ma
Parameters:

e P(d) is the probability of the response occurring at
dose d,
. 1;_(00 is the background probability value, and
+e
o fis the slope.

Log-Logistic model

-y
P(d) = 7 + 1 + e—(a+ﬂxln(d))

Parameters:

e P(d) is the probability of the response occurring at
dose d,

o v isthe background probability value, and

o fisthe slope.

Multistage Model
P(d) =y+ (1 _ 7/) % (1 _ e—(/},xd+pzxdz+---+ﬂkxd‘)
Parameters:

e P(d) is the probability of the response occurring at
dose d,

o yisthe background response value,

e f,...5, are the polynomial coefficients (restricted to
be non-negative), and

¢ kisthe polynomial degree.

Probit model

P(d)=D(a+pxd)
Parameters:

e P(d) is the probability of the response occurring at
dose d,

¢ @ isthe normal distribution function,

o @ (a)is the background probability value, and

o fisthe slope.

Log-Probit model
Pd)=y+(1-y)xP(a+ B xIn(d)) for d>0
Parameters:

e P(d) is the probability of the response occurring at
dose d,
¢ @ isthe normal distribution function,
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o vy isthe background probability value,
¢ qistheintercept, and
o fisthe slope (restricted to >=1).

Weibull Model
P(d)=y+(1-y)x(1-e P
Parameters:

e P(d)is the probability of the response occurring at dose d,
o yisthe background response value,
¢ fisthe slope, and o is the power term (restricted to >=1).

Appendix B: Model Validation and Parameterization of the Rat Gestation and
Lactational Model

The final DEHP model contains four inter-connected sub-models, each with the necessary amount of detail to adequately
describe the chemical species: diester, monoester, monoester-glucuronide, and the combined oxidative metabolites.
The individual sub-models interact at sites of metabolism (hydrolysis of the diester, glucuronidation, hydrolysis of the
glucuronide, and oxidation). The models for each chemical species in the adult rat are described below, followed by the
modifications made to describe gestation and lactation.

Intact diester. Enzymes responsible for the hydrolysis of the diesters are present in the intestinal mucosa, blood and
liver (Rowland et al., 1977; Tanaka et al., 1978). Hydrolysis in the blood and liver are described as a first order rates as
none of the tested doses were sufficient to overwhelm hydrolysis. Hydrolysis in the upper GI (stomach + small intestine;
GC1), on the other hand, is described as a saturable process based on the in vitro data of Rowland et al. (1977) and the
apparent saturation of oral uptake at the highest doses (>500mg/kg) (Kessler et al., 2004). Some diester may also enter
circulation intact via oral absorption or be passed into the lower intestine (GC2), where it is excreted in the feces. Oral
absorption is described as a first order process. Movement through the intestine and fecal excretion are described as
clearance rates (L/hr). Diester that is taken up into the gut wall is passed to the liver via the portal blood where it is hydro-
lyzed, released into systemic circulation or excreted into the bile. Biliary diester is excreted into the upper intestine.

Free monoester. Oral absorption of the monoesters is described as a first order process. Movement through the GI
and fecal excretion are clearance rates. Unlike the diesters, their monoester metabolites MEHP and MBP are readily
absorbed in the gut. Glucuronidation and oxidation of the monoester in the liver are described using saturable kinetics.
The free monoesters may be excreted into the bile (recirculated to small intestine) or released into systemic circulation.
Transport of monoester into the tissues is modeled using diffusion-limitation. Secretion into the urine is a saturable
process, based on non-linear behavior of MBP excretion data at low doses (Payan et al., 2001).

Monoester-glucuronide conjugates. Because MEHP is not glucuronidated in vivo, this section of the model only applies
to DBP.

Oxidative Metabolites. Metabolites of MEHP and MBP formed by P450 metabolism in the liver are released into the body
via the venous blood. In the original DBP model, a one-compartment volume of distribution model was used to describe
the combined oxidative metabolites. This description was sufficient for DBP, due the fact the majority of the dose exists as
free MBP or MBP-G in the rat. However, in the case of DEHP, the metabolite profile is quite different. In fact, the majority of
the dose (>90%) undergoes oxidation, free MEHP is only a minor metabolite, and the glucuronide conjugate does not exist
at detectable levels. Thus the description of the oxidative metabolites was expanded to better describe DEHP kinetics.

Oxidative metabolism is described in the liver using a saturable Michealis-Menten description. The oxidized
monoesters are then excreted into the bile or released into systemic circulation. Biliary metabolites are released into the
upper intestine (GC1), where they may be reabsorbed (described as a first order rate) or passed in the feces (described
as a first order clearance rate). A three compartment model is used to describe the oxidative metabolites in the blood,
liver and other tissues. Distribution of into the tissues is modeled using flow-limitation, assuming distribution with body
water. Urinary excretion is modeled using a first order clearance rate from the plasma compartment.

Gestation Kinetics

During gestation, all of the chemical species are allowed to move freely between the arterial and placental blood.
However, only the free monoester was allowed to cross the placenta based on the previous DBP model and metabolite
data in the fetal rat. While MBP-G was found in the fetal blood, the kinetic behavior suggests that it is formed in the fetus
rather than maternally. Transfer of MEHP and MBP between the placental blood and the fetal blood are described as dif-
fusion-limited processes (Gentry et al., 2003). Based on fetal MBP kinetic data, as well as published data on UDPGT and
[-glucuronidase activities in fetal tissues (Lucier and McDaniel, 1977; Lucier et al., 1975; Wishart, 1978), glucuronidation
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and hydrolysis of the glucuronide conjugates were included in both dam and fetus. P450 activity, however, is negligible
in the fetal liver (Neale and Parke, 1973) and was therefore excluded from the fetal model. Metabolite transfer between
the fetus and amniotic fluid were described as first-order processes. Transfer between the fetal plasma and testes tissue
is described using flow-limited transport. Postnatal Kinetics

The structure of neonatal model is identical to that of the adult non-pregnant rat. In vifro data suggests that the
enzymes responsible for both glucuronidation and oxidative metabolism are present and increasing in concentration
during the postnatal period. Thus, both metabolic processes were included in the neonatal model. Uptake of the diesters
and monoesters are described as flow-limited. Transfer in the milk is described using first order clearance rates based
on the milk concentrations and published suckling rates (Stolc et al., 1966).

Model Parameterization:

Physiological Parameters:

Physiological parameters were obtained from measured values in the literature as described in Clewell et al.
(2008). Adult male rat, body weight, cardiac output, and fractional tissue volumes and blood flows were avail-
able from Brown et al. (1997). Fractional tissue volumes were scaled by BW and blood flows were scaled by
BWO.75'

Gestation. During gestation, mammary gland (VM) and fat (VF) tissue growth were described as a linear processes
based on the data of Hanwell and Linzell, (1973) and Andrade et al. (2006b), Knight and Peaker (1982), and Naismith
et al., (1982), as described in Clewell et al. (2003). Placental volume (VPI) was described as the sum of the yolk sac and
chorioallantoic placenta based on the model of O’Flaherty et al. (1992). Growth equations were available in the cited
papers. The total body weight of the dam was made equal to the initial body weight plus the change in volume of the
uterus, fat, mammary gland, placenta, and fetus. Fetal volume (Vfet) was described using the equations of O’Flaherty
etal. (1992). Growth of fetal testes is proportional to the total body weight, accounting for approximately 0.1% of the total
fetal volume from GD16 through the end of gestation (LaBorde et al., 1992; Naessany and Picon, 1982; Parks et al., 2000).
Changes in amniotic fluid volume were described using a Table function in the simulation software, by linear interpola-
tion between data points (Park and Shepard, 1994; Wykoff, 1971).

Maternal cardiac output was described as the sum of initial cardiac output (Brown et al., 1997) and the change in
blood flow to the placenta, mammary and fat tissues, per the approach of O’Flaherty et al. (1992). Changes in the frac-
tional cardiac output to the mammary gland, fat and yolk sac were assumed to be proportional to changes in tissue vol-
umes, with the exception of the chorioallantoic placenta which increased more rapidly than the tissue volume. Chemical
transport within the fetus was modeled using diffusion, rather than blood-flow limitation. Thus, no assumptions were
made as to proportional blood flows to fetal tissues.

Lactation. The physiological description of maternal and neonatal rats during lactation is based on the work of Clewell
et al. (2003). Maternal body weight increases by 12% between PND 1 and 10 (Clewell et al., 2003). The relative volume of
the mammary tissue increased from 4.4% on PND 2 to 5.6, 6.3 and 6.6% of the maternal body weight on PND 7, 14 and 21,
respectively (Knight et al., 1984). Maternal body fat increased from 12.4 to 15.2% of the body weight between parturition
and PND 2, with a subsequent decrease to 6.9% of the body weight from PND 2 to 16 (Naismith et al., 1982). The rate of
milk production was assumed to be equal to the suckling rate in Stolc et al. (1966). Values for neonatal body fat increase
from 2.7 to 11% BW between PND 2 and 16 and a subsequent decrease to the adult value of 4.61(Brown et al., 1997;
Naismith et al., 1982). Changes in neonatal body weight and relative tissue volumes have been described previously
(Clewell et al., 2003).

Changing maternal cardiac output and fractional blood flow to the mammary tissue throughoutlactation are described
according to the data of Hanwell and Linzell (1973). Neonatal cardiac output, hematocrit and regional blood flows are
based on the data of Rakusan and Marcinek (1973).

Kinetic Parameters:

Kinetic parameters were scaled allometrically as is typical for intra- and inter-species extrapolation (Dedrick, 1973).
PA,V_ ., and clearance constants were scaled by BW*™. Whenever possible parameters were taken from published val-
ues or calculated from in vitro studies. However, the lack of specific tissue and metabolism data required that some
model parameters be fitted to in vivo kinetic data. A detailed description of the process used to determine the original
DBP model parameters is available elsewhere (Clewell et al., 2008).

While an attempt was made to keep the model parameters as similar as possible between the DEHP and DBP mod-
els, it was necessary to refine a number of the kinetic parameters in order to recapitulate the DEHP kinetic data. In fact,
when the DBP model was run “as is” against the MEHP iv and DEHP po data, the model over-predicted serum MEHP
levels by an order of magnitude (not shown). Several observations can be made about the kinetic differences in the
two phthalates based on available in vitro and in vivo data. 1) DEHP is not hydrolyzed as efficiently as DBP in the gut
(Rowland et al., 1977), which leads to a greater loss of unmetabolized diester in the feces as well as some circulation
of DEHP in the blood. 2) Both DEHP and MEHP also are more poorly absorbed in the gut than DBP and MBP. 3) The
high lipophilicity of DEHP and the reduced hydrolysis in the blood (when compared to DBP) also results in reduced
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clearance of the diester from the blood after iv dosing. Iv doses of DBP, on the other hand are metabolized within min-
utes of dosing. 4) Metabolism of the monoester is also quite different for the two phthalates. A large portion of MBP is
removed via glucuronidation and oxidation is only important at low doses (Payan et al., 2001). In contrast, oxidation,
not glucuronidation, is the dominant metabolic pathway for MEHP. Oxidative metabolites make up >90% of the total
urinary metabolites, while glucuronide conjugates of MEHP have not been detected in the urine or plasma of rats after
DEHP dosing (Albro and Moore, 1974).

Based on these observations, UGT activity (VmaxLc) was turned off in the DEHP model. The Vmax for oxida-
tive metabolism (VmaxOc =28 mg/hr-kg BW) was adjusted by visually fitting the model simulations to MEHP iv
data in the adult male rat (Pollack et al., 1985). The rate of oral absorption of MEHP (kam =0.4 hr!) was adjusted
based on the fit of the model to MEHP oral gavage studies (Teirlynck and Belpaire, 1985). The maximum capacity
for hydrolysis in the gut (VmaxGc=80mg/hr-kg BW), oral absorption of DEHP (kad=0.015hr™"), and intestinal
clearance of DEHP (kgicl =0.1L /hr) and the other metabolites (kgic2=0.05L/hr), and the urinary excretion rate
of MEHP (VmxUc=1mg/hr-kg BW, KmU=450mg/L) were fit to DEHP oral gavage data (blood, feces, urine) in
the non-pregnant female rat (Kessler et al., 2004). With the exception of those parameters listed above, the kinetic
parameters were identical to those used in the DBP model and are available elsewhere (Clewell et al., 2008). Final
model simulations are shown versus various data sets after iv and po doses of MEHP or DEHP in the non-pregnant
rat in Figures B1- B3.

Gestation. Similar to DBP (Clewell et al., 2008), only one kinetic parameter was adjusted before using the model in the
pregnant dam based on published in vitro studies: VmaxOc. Because glucuronidation is set to zero in the DEHP model,
it was not necessary to adjust that parameter for the reduced capacity for glucuronide conjugation during gestation
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Figure B1. Free MEHP in the blood of the adult male rat after an iv dose of 20 or 50 mg/kg MEHP. Lines indicate model simulations. Points
represent measurements from individual animals administered (o) 20mg/kg MEHP (Sjoberg et al., 1985), () 50mg/kg MEHP (Pollack
etal., 1985), or (A) 50 mg/kg MEHP (Kessler et al., 2004).
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Figure B2. Free MEHP in the (A) blood of adult male rat after an oral dose of 70, 100, or 400 mg/kg MEHP or (B) excreta of adult male
rat after an oral dose of 70 mg/kg MEHP. (A) Lines indicate model simulations. Points represent measurements from individual animals
administered (o) 70mg/kg MEHP (Chu et al., 1978), (=) 100mg/kg MEHP (Pollack et al., 1985), or (¢) 400mg/kg MEHP (Teirlynck
and Belpaire, 1985). (B) Bars represent model simulations (gray) or mean + SD of measured (black) MEHP in the urine and feces rats
administered 70 mg/kg MEHP (Chu et al., 1978).
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(Lucier et al., 1975; Luquita et al., 2001). However, similar studies with microsomes obtained from the liver of pregnant
and non-pregnant rats showed approximately 40% reduction in the capacity of oxidative metabolism in the pregnant
ratliver regardless of the substrate used (Neale and Parke, 1973). Thus, the maximum capacity for oxidative metabolism
of MEHP (VmaxOc) was reduced by 40% when applied to the pregnant rat. All other maternal parameters were scaled
allometrically from the adult male rat. Since MEHP is not significantly glucuronidated and oxidative metabolism is
negligible in the rat fetus, both VmaxGc, and VmaxOc, were set to zero in the fetus. Transfer of MEHP between the
maternal and fetal blood, and between the fetal blood and amniotic fluid were assumed to be the same as MBP. Model
simulations are shown with data collected in the pregnant and fetal rat after oral administration of DEHP (Figure B4).
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Figure B3. Free MEHP in the blood of adult rats after an (A)iv dose of 100 mg/kg DEHP, or (B) oral dose of 30, 300, or 500 mg/kg DEHP. Line
indicates model simulation. Points represent measurements from individual animals administered (A) 100 mg/kg DEHP iv (Kessler et al.,
2004) or (B) (o) 30mg/kg, (A) 300 mg/kg, or (¢) 500 mg/kg DEHP po (Kessler et al., 2004).
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Figure B4. Free MEHP in the (A) maternal blood or (B) placenta and fetal tissues after the last oral dose of 30 or 500 mg/kg/day administered
from GD 14 - 19. (A) Lines indicate model simulations. Points represent measurements from individual animals administered () 30 mg/
kg/day or (0) 500 mg/kg/day DEHP po (Kessler et al., 2004). (B) Bars represent model simulations (black) or mean + SD of measured
concentrations (gray) in the placenta and fetal tissues 2 hrs after the last daily dose of 500 mg/kg/day (Kessler et al., 2004).
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Figure B5. (A) DEHP and MEHP in the milk and MEHP in the blood of the lactating dam, and (B) MEHP in the suckling rat after the last
oral dose of 2000 mg/kg/day administered on days 15— 17 of lactation. Bars represent model simulations (black) or mean + SD of measured
concentrations (gray) in the milk, maternal blood and pup blood 3-6 hrs after the last dose of 2000 mg/kg/day DEHP (Dostal et al., 1987).
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Lactation. During lactation, both DEHP and MEHP were assumed to move freely between the blood and the
mammary gland. Transfer between the mammary gland and milk was described using diffusion-limited uptake.
In the absence of rat data, partition coefficients for DEHP (pmk=200) and MEHP (pmmk: 0.3) were obtained from
human blood:milk measurements (Hogberg et al., 2008). Development of oxidative metabolism (VmaxO,) in the
neonate was estimated using in vitro data for total P450 activity using the same method described for fetal UGT
development in the DBP model (Equation B1; (Clewell et al., 2008). All other neonatal parameters were scaled allo-
metrically from the adult male rat values.

VmaxO, =VmaxO xRA  x MPC x BWn x numpups (Equation B1)

where VmaxO is the maximum capacity for oxidative metabolism in the adult rat (after scaling for BW), RA | is the in vitro
relative activity expressed as the ratio of neonatal to maternal activity per mg microsomal protein, MPC is the ratio
of the microsomal protein content of the fetal liver to maternal liver, LW is the ratio of the fetal: maternal liver weight,
and numpups is the number of pups per litter. Model simulations are shown with data collected in the lactating and
suckling rat after oral administration of DEHP to the dam are shown in Figure B5.
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